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2 Geochemistry of Mercury in the Environment
9.04.1 INTRODUCTION

Mercurial, the metaphor for volatile unpre-
dictable behavior, aptly reflects the complexi-
ties of one of the most insidiously interesting
and scientifically challenging biogeochemical
cycles at the Earth’s surface. Elemental mer-
cury is readily recognized as a silvery liquid at
room temperature. Its gas phase is important
geochemically, since mercury and some of
its compounds have relatively high vapor
pressures. Mercury (Hg, from the Latin hy-
drargyrum or ‘‘watery silver’’) is sulfur loving
(i.e., chalcophilic) and extremely active biologic-
ally. It is mobilized tectonically, and signifi-
cant deposits are found in mineralized regions
characterized by subduction zones and deep-
focus earthquakes (Schlüter, 2000). Many of
the major deposits are shown in Figure 1
(Kesler, 1994).

The remarkable and useful qualities of mer-
cury and its major mineralized form (cinnabar,
HgS) have been well known for thousands
of years. The Almadén mine in Spain, for
example, the ‘‘richest known single source of
cinnabar and quicksilver,’’ has been active for
more than 2,500 years (Goldwater, 1972). Mer-
cury products (e.g., thermostats, batteries,
switches, and fluorescent lighting) and applica-
tions (e.g., chlor-alkali production, dentistry,
pharmaceuticals, and catalysis) have been a
practical part of modern life, while the wastes
have been quite detrimental. Today, mercury
emissions associated with fossil fuel burning,
especially coal, and high-temperature combus-
tion processes (e.g., municipal waste incinera-
tion) represent the primary sources of pollutant
mercury to the environment on a global scale.
As a result, mercury emissions since the mid-
nineteenth century appear to have been in step
with increases in emissions of CO2 (Lamborg
et al., 2002b). During the past decade, emis-
sions, discharges, and nonpoint source inputs
of mercury appear to have peaked and may
be diminishing in many developed countries.
Unfortunately, and on a global scale, declines
are countered by increases in anthropogenic
mercury releases from developing nations, par-
ticularly in Asia (Pacyna and Pacyna, 2002).
Additionally, environmental gains through pol-
lution controls, remediation, and regulations
are tempered by the large reservoir of historic
mercury, the pollution ‘‘legacy,’’ residing in
watersheds and sediments of many terrestrial,
freshwater, and marine environments.

Although mercury has been used in ‘‘spring
tonics,’’ as a ‘‘cure’’ for syphilis, and a panacea
for other afflictions, it is now recognized as a
highly toxic trace metal that concentrates in
aquatic food webs. According to Clarkson
(1997), the principal human exposure to
inorganic mercury species is from elemental
mercury vapor, which is derived principally
from industries such as gold and silver mining
and chlor-alkali plants, and from dental
amalgams. Deleterious health effects (e.g.,
‘‘mad hatters disease’’) have been known since
ancient times, and as Clarkson states, ‘‘severe
exposure results in a triad of symptoms, ereth-
ism, tremor, and gingivitis.’’ Today, however,
the principal mercury-related human health
concern is associated with exposure to the
highly neurotoxic organomercury species,
monomethylmercury (MMHg). This exposure
is due almost entirely to consumption of fish
and fish products (Fitzgerald and Clarkson,
1991; National Research Council, 2000). Inor-
ganic mercury, whether natural or pollution
derived, can be readily methylated in aquatic
systems. Mercury methylation appears to be
predominately biotic, although some abiotic
production is likely in natural waters (Benoit
et al., 2003; Gårdfeldt et al., 2003). In situ me-
thylation of ‘‘reactive’’ or bioavailable mercury
by sulfate-reducing bacteria (SRB) (and possi-
bly others) has been documented to result in
the accumulation of MMHg in freshwater food
webs and fish (e.g., Westöö, 1966; Wood et al.,
1968; Jensen and Jernelöv, 1969; Wiener et al.,
1990a; Gilmour and Henry, 1991; Watras and
Bloom, 1994; Watras et al., 1994; Hall et al.,
1998; Fleming et al., 2006). This linkage is quite
evident in the elevated MMHg in fish from
reservoirs created by dam construction and
subsequent flooding of landscapes (e.g., Cox
et al., 1979; Bodaly et al., 1984; Tremblay et al.,
1998). A similar process is thought to occur in
the marine water column, possibly first through
the formation of dimethylHg (DMHg) fol-
lowed by decomposition to MMHg (Mason
and Fitzgerald, 1993; Mason et al., 1998; Ma-
son and Sullivan, 1999a, b). Microbially medi-
ated methylation continues to amplify the
insidiousness of current and historic mercury
pollution and health risks to wildlife and hu-
mans. Indeed, toxicologically, methylation of
inorganic mercury is the most important trans-
formation affecting the behavior and fate of
mercury in aquatic systems. Its accumulation in
freshwater and marine fish can reach levels that
not only pose a threat to human health (Grand-
jean et al., 1997; Davidson et al., 2000), but
can also reduce the reproductive success of
piscivorous wildlife (e.g., Scheuhammer, 1991;
special section of Environmental Toxicology
and Chemistry, 1998, 17(2): 137–227, 12
papers, M. W. Meyer, ed.) and the fish them-
selves (Wiener et al., 1990b; Wiener and Spry,
1996; Hammerschmidt et al., 2002). Wiener
et al. (2002) presented an up-to-date review of
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4 Geochemistry of Mercury in the Environment
mercury toxicology in a number of different
animal species.

MMHg poisoning is known as ‘‘Minamata
disease.’’ Unfortunately, between 1950 and
1975, major industrially related mass poison-
ings, severe debilitation, and many deaths oc-
curred in Minamata and Niigata (Japan) and in
Iraq. The Japanese poisonings resulted from
consumption of locally caught fish and seafood
that had been contaminated principally by
MMHg discharged with wastewater from fac-
tories making acetaldehyde (Chisso Co. Ltd
and Showa Denko Co. Ltd). The MMHg was
synthesized abiotically as a by-product during
the production of acetaldehyde (inorganic mer-
cury was used as a catalyst). In the Iraqi
tragedy, the source was contaminated bread,
which had been made with flour, unknowingly
milled from wheat treated with MMHg as a
fungicide (Bakir et al., 1973). There is an ex-
tensive scientific, medical, and general litera-
ture as well as news accounts of these tragedies.
The following works on the Japanese poison-
ings provide an overview and useful starting
point for a more in-depth examination: Smith
(1975), Japan Public Health Association
(2001), The Social Scientific Study Group on
Minamata Disease (2001) and George (2001).
There are other examples of severely mercury
contaminated sites and the interested reader is
directed to the volume entitled Mercury Con-
taminated Sites—Characterization, Risk Assess-
ment and Remediation, edited by Ebinghaus
et al. (1998), which also contains descriptions
of the Minamata situation.

In the mid-twentieth century, Goldschmidt
(1954) cryptically summarized knowledge of
the environmental cycling of mercury as, ‘‘not
much information is available concerning the
geochemistry of mercury.’’ Moreover, and as
he emphasized for that period, ‘‘most of the
modern analytical data are due to A. Stock and
co-workers,’’ which were derived from their
pre-World War II studies (e.g., Stock and
Cucuel, 1934). In contrast, at the beginning of
the twenty-first century, dozens of environmen-
tally related mercury publications appear
yearly. There is an abundance of distributional
data, an enhanced knowledge of the biogeo-
chemical cycling of mercury and the impact of
anthropogenic activities, a fuller appreciation
of the utility, dangers, and complexities char-
acterizing the mobilization, interactions, and
fate of this biologically active element, and an
awareness of daunting challenges inherent in
studying a metal that includes a gas phase
as a major feature of its biogeochemistry at
the Earth’s surface. The potential risks of
human exposure to MMHg, especially pre-
natally, and the potential deleterious ecological
consequences from localized to global-scale
mercury pollution have given much impetus
to mercury studies and regulatory activities in-
ternationally. As of the summer of 2006, there
have been seven international conferences on
‘‘Mercury as a Global Pollutant,’’ since 1990.
The city of Minamata, the venue for the sixth
conference in 2001, provided conferees with
poignant evidence of the tragic legacy of mer-
cury contamination. The abstracts and publi-
cations from these broadly based meetings,
which include basic biogeochemistry, environ-
mental and pollution-related studies, ecological
and human toxicology, and analytical
developments, chronicle the rapid worldwide
expansion of mercury research and knowledge.

This chapter focuses principally on the low-
temperature environmental biogeochemistry of
mercury. We present the current understanding
of mercury cycling at the Earth’s surface (soils,
sediments, natural waters, and the atmos-
phere). Our coverage, as appropriate, will in-
clude the anthropogenic interferences (i.e.,
mercury pollution) and biological mediation,
which affect significantly the speciation, beha-
vior, and fate of mercury in the environment.
Complementary information on mercury geo-
chemical cycling in and among the various
earthly reservoirs is presented in other chapters
of this treatise.
9.04.1.1 The Global Mercury Cycle

Major features of the global mercury cycle
have been illustrated using the relatively simple
three-reservoir mass balance developed by Ma-
son, Fitzgerald, and Morel in 1994 (‘‘MFM’’).
Refinements are considered in Section 9.04.7.
The MFM model provides estimates of natural
and anthropogenic fluxes and an assessment of
impact from human-related mercury emissions
on the natural cycle for 1990 (Figure 2a). The
pre-industrial situation is shown in Figure 2b.
It is evident that the atmosphere and oceans
play important roles in the distribution and re-
distribution of mercury at the Earth’s surface.
Indeed, atmospheric mercury deposition to the
oceans greatly exceeds riverine inputs. The
MFM model also suggests that the natural cy-
cle of mercury has been severely perturbed.
Human-related mercury emissions dominate
the cycle such that most of the mercury in the
atmosphere and surface oceans is anthro-
pogenic. Moreover, the integrated estimate
for total loadings from globally dispersed, ant-
hropogenic mercury emissions between 1890
and 1990 is 1,000Mmol (200 kt). The MFM
simulation predicts that B95% of this mercury
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is sequestered in terrestrial systems, with the
remainder in the oceans and atmosphere.
The MFM analysis suggested that about half
of the modern pollution-related emissions
(20Mmol yr�1) enter the global cycle while
the other half is deposited near sources. The
MFM estimate for the globally dispersed ant-
hropogenic contribution is similar to the most
recent estimate of 9.6Mmol yr�1 (for 1995)
reported by Pacyna and Pacyna (2002).

Elemental mercury, a monatomic gas, is the
dominant atmospheric form and has a long
residence time in the troposphere (41 year;
Fitzgerald et al., 1981; Slemr et al., 1981;
Lindqvist et al., 1991; Lamborg et al., 2000,
2002b). Such longevity allows emissions of
mercury into the atmosphere from natural
and anthropogenic sources to be dispersed
widely across the Earth’s surface. The redox
couple of Hg0 with the stable mercuric ion
(Hg0/Hg2þ ; E1¼ 0.85V) is similar to that of the
Fe(ii)/Fe(iii) couple, thereby providing the po-
tential for dynamic oxidation and reduction
cycling in the range of common environmental
redox (i.e., pe) conditions. A unique and im-
portant example of this is the biologically and



Table 1 Levels of total mercury (mg g�1 wet weight)
in seafood (USFDA, 2001). Most (495%) of the

total mercury in edible fish tissue is MMHg.

Fish species Mean (range) na

Tilefish 1.45 (0.65–3.73) 60
Swordfish 1.00 (0.10–3.22) 598
King Mackerel 0.73 (0.30–1.67) 213
Shark 0.96 (0.05–4.54) 324
Tuna (fresh or frozen) 0.32 (ND–1.30) 191
Tuna (canned) 0.17 (ND–0.75) 248
Atlantic cod 0.19 (ND–0.33) 11
Pollock 0.20 (ND–0.78) 107
Mahi mahi 0.19 (0.12–0.25) 15
American lobster 0.31 (0.05–1.31) 88

Sources: Grieb et al. (1990), Bloom (1992), and Hammerchmidt
et al. (1999).
aNumber of samples analyzed.
ND denotes that the mercury level was not detectable.
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abiotically mediated reduction of Hg2þ result-
ing in widespread supersaturation of Hg0 in
freshwater and saltwater and subsequent evas-
ion (Kim and Fitzgerald, 1986; Mason and
Fitzgerald, 1993; Amyot et al., 1997; Rolfhus,
1998). Field and laboratory observations in
aqueous systems have documented the impor-
tant influence of photochemical and bacterial
reactions on the in situ reduction of Hg2þ

(Mason and Fitzgerald, 1993; Amyot et al.,
1997; Rolfhus, 1998; Rolfhus and Fitzgerald,
2001), and therefore link Hg0 production and
evasion from the ocean to the complex biogeo-
chemical cycles of carbon, nitrogen, phospho-
rus, and sulfur. Through evasion, the ocean
prolongs the residence of mercury at the
Earth’s surface and exacerbates the human
perturbation of the global mercury cycle. The
MFM analysis shows such oceanic emission of
Hg0 to be substantial (10Mmol) and compa-
rable to the atmospheric input of mercury
to the oceans.

Although the marine biogeochemical cycling
of mercury is greatly simplified in the MFM
simulation, the importance of the ocean as both
a sink for atmospheric deposition as well as a
substantial source of mercury into the atmos-
phere (Kim and Fitzgerald, 1986; Nriagu, 1989;
Lindqvist et al., 1991; Mason et al., 1994) is
consistent with models that use more realistic
physical and biogeochemical oceanic dynamics
(Hudson et al., 1995; Mason et al., 2001;
Lamborg et al., 2002b).

The oceans actively and significantly partic-
ipate in the transport and transformation of
this toxic metal. Thus, there is an obvious need
to increase knowledge and understanding con-
cerning the biogeochemical cycling of mercury
and MMHg and the impact of anthropogenic-
ally related inputs in the marine environment.
A cursory examination of papers presented at
the international mercury conferences is suffi-
cient to show that there has been much interest
in and support for studies examining linkages
between the cycling of mercury in the atmos-
phere, anthropogenic emissions/discharges,
deposition to terrestrial systems, and the
bioaccumulation of MMHg in freshwaters
(e.g., Mercury in Temperate Lakes Program—
Watras et al., 1994; METAALICUS Project;
USEPA, 1997 Mercury Study Report to Con-
gress; Ebinghaus and Krüger, 1996; Petersen
et al., 1995; The Nordic Network—Lindqvist
et al., 1991; Iverfeldt, 1991a). In contrast,
mercury cycling in the oceans has received
scant attention. This is unfortunate as there
is evidence, for example, that the mercury
content in fish has been increasing over the past
several decades in the North Atlantic (e.g.,
Monteiro and Furness, 1997). Moreover, in
2001, growing recognition of human exposure
to MMHg from marine fish and fish products
prompted the US Food and Drug Administra-
tion (USFDA) to place four pelagic marine fish
(tilefish, king mackerel, swordfish, and shark)
on their consumer advisory list (USFDA
Consumer Advisory, 2001). The advisory em-
phasizes the need for women of childbearing
age to limit their consumption of marine fish to
12 oz per week.

A more stringent fish consumption advisory
reference dose (Schober et al., 2003) was issued
by the US Environmental Protection Agency
(USEPA) in 2001. Women of childbearing
age were cautioned to limit their MMHg in-
take to 0.1 mg kg�1 of body weight per day. It is
illuminating to translate this recommendation
into fish consumption. A summary of the
MMHg content in some major marine fish
and shellfish is presented in Table 1. Using
fresh tuna with an average MMHg concentra-
tion of 0.32 mg g�1 wet weight (Table 1) as an
example, the recommended weekly consump-
tion for a 50–70 kg woman of childbearing
age would be 35–49 mg or the equivalent of
B110–155 g (B4–5.5 oz, half a typical can) of
fresh tuna. This is much smaller than the US-
FDA recommendation, which is equivalent to
0.5 mg kg�1 of body weight per day (however, a
maximum of 12 oz of fish per week is recom-
mended). The current provisional advisory
from the Joint Food and Agricultural Organ-
ization/World Health Organization Expert
Committee on Food Additives (JECFA, 2000)
is 0.5 mg kg�1 of body weight per day. For
further information regarding MMHg and
fish consumption, the reader should refer to
the useful and informative publication from the
US National Academy of Sciences entitled
Toxicological Effects of Methylmercury (NAS,
2000). The examining committee from the



Table 2 Mercury content of selected rocks and
sediments.

Rock type Hg content ðppmÞ

Ultrabasic igneous 0.0Xa

Basaltic rocks 0.09
High- and low-Ca granites 0.08
Syenites 0.0X
Shales 0.4
Sandstones 0.03
Carbonates 0.04
Deep-sea carbonate 0.0X
Sediment
Deep-sea clays 0.X

Source: Turekian and Wedephol (1961).
aThe X notation indicates order of magnitude estimate.
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National Research Council of the NAS reached
the following consensus: ‘‘the value of EPA’s
current reference dose for MeHg, 0.1 mg kg�1

per day is scientifically justifiable for the pro-
tection of public health.’’

In summary, mercury entering the marine
environment may continue to actively partici-
pate in aquatic chemistry, while much of the
mercury deposited from the atmosphere to ter-
restrial systems is sequestered. Given the im-
portance of the oceans as a whole in global
mercury cycling, and international concerns
and issues regarding human exposure to
MMHg through marine fish and seafood con-
sumption, the current situation is one of insuf-
ficient study and undersampling. Indeed, there
have been relatively few open-ocean cruises to
examine mercury biogeochemistry (e.g., Kim
and Fitzgerald, 1986; Gill and Bruland, 1987;
Gill and Fitzgerald, 1988; Mason and Fitzgera-
ld, 1993; Dalziel and Yeats, 1985; Dalziel, 1992;
Cossa et al., 1997; Mason et al., 1998; Mason
and Sullivan, 1999a, b; Lamborg et al., 1999;
Leermakers et al., 2001), and almost no longer-
term, seasonally oriented mid-ocean studies.
Even in the more accessible near-shore zones,
the biogeochemistry of mercury is understud-
ied. In this regard, estuaries and adjacent
coastal waters, as regions of high biological
productivity, MMHg production, and fishery
activity, are of special interest. They are major
repositories for natural and pollutant mercury
(see Section 9.04.6).
9.04.2 FUNDAMENTAL
GEOCHEMISTRY

In this section, we consider aspects of the
fundamental geochemistry and biogeochemis-
try of mercury used later in the chapter. These
topics include (1) solid Earth abundance and
distribution, (2) isotopic composition and re-
cent advances in mercury cosmochemistry, (3)
the formation and distribution of minable mer-
cury deposits, and (4) mercury in fossil fuels.
9.04.2.1 Solid Earth Abundance and
Distribution

A summary of mercury data from the report
of Turekian and Wedepohl (1961) is shown in
Table 2. Owing to the chalcophilic nature of
its associations, mercury is found in higher
abundances in intrusive magmatic rocks and
locations of subaerial and submarine volcan-
ism. Peak concentrations in these rocks may be
as high as several percent in ore-grade minerals
(e.g., 35% mercury in sphalerite; Ozerova,
1996). Also as a result of this association, the
distribution of highest mercury concentrations
in rocks at the surface and near-surface mirrors
regions of current and past tectonic activity and
has been described as the ‘‘global mercury belt’’
(e.g., Gustin et al., 2000). As noted in greater
detail in Section 9.04.3, mercury concentrations
in soils weathered from this material can be
very high as well (e.g., Steamboat Springs, NV,
USA: 1.2–14.6 ppm; Gustin et al., 2000) and
represent a potentially significant source of
mercury to the atmosphere at a variety of spa-
tial scales through low-temperature volatilizat-
ion. These rocks and their weathered products
are rich in other metals as well, and emission of
mercury from soils and rock has been used as a
tool for large-scale ore and petroleum explora-
tion as well as an indicator of tectonic activity
(e.g., McCarthy, 1968; Varekamp and Buseck,
1983; Klusman and Jaacks, 1987). These gen-
eral characterizations are significant then, as we
later consider the cause for concentrations
of mercury in soils removed from the mercury
belt that are also elevated above the crustal
abundances.

Also indicated in Turekian and Wedepohl’s
compilation is a relatively high concentration
of mercury in sedimentary material rich in
organic carbon, such as shales. Mercury asso-
ciations with organic matter are considered in
later sections (Sections 9.04.5 and 9.04.8).
Here, we stress that such associations can lead
not only to higher concentrations of mercury in
these types of rock units but also to the trans-
port of mercury away from sites of sediment
accumulation as a result of petroleum movem-
ent (White, 1967; Fein and Williams-Jones,
1997). The mercury content of major rock
types has not been systematically revisited
since Turekian and Wedepohl’s report, and
there is evidence that some of their values may
be overestimates. As an example, the recent
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recovery and analysis of glacial till in Glacier
Bay National Park by Engstrom and Swain
(1997) indicated much lower concentrations
of mercury (o10 ppb). It is reasonable to
assume, however, that mercury concentration
trends across rock types suggested by Turekian
and Wedepohl and the geochemistry they
suggest are valid.
9.04.2.2 Isotopic Distributions

Mercury has a relatively even distribution of
its seven stable isotopes (196, 0.15%; 198,
10.0%; 199, 16.7%; 200, 23.2%; 201, 13.2%;
202, 29.8%; 204, 6.8%; Friedlander et al., 1981;
Lauretta et al., 2001). This pattern presented
cosmochemists with a formidable task when
mercury-isotopic distributions in meteorites
were examined (e.g., Jovanovic and Reed,
1976; Thakur and Goel, 1989). Analytical dif-
ficulties apparently resulted in inaccurate deter-
minations of the bulk abundance and isotopic
composition of some meteorites, leading to the
so-called mercury problem; examined meteor-
ites did not show the same bulk abundance and
isotopic distribution as terrestrial material
(Grevesse, 1970; Lauretta et al., 1999). Sub-
sequent advances in mass spectrometry, and
especially the development of multicollectors,
have shown that the isotopic distributions of
mercury in terrestrial and extraterrestrial mate-
rial are very similar (e.g., Allende meteorite:
0.03–0.3 ppm; Lauretta et al., 2001).

With so many isotopes from which to
choose, one might expect examination of mer-
cury-isotopic fractionation in natural media to
be a profitable area of research as it has been,
for example, with lead, light metals, nonmetals,
and an increasing number of transition metals
(e.g., Alleman et al., 2001; Richter et al., 1992;
Hoefs, 2004; Anbar, 2004; Rouxel et al., 2004).
To date, this has not been widely explored, but
there is some indication of geogenic fractiona-
tion leading to isotopic signatures of particular
ores (Klaue et al., 2000; Evans et al., 2001;
Hintelmann and Lu, 2003; Smith et al., 2005).
As of this writing, published reports of biolo-
gical fractionation have not been verified. The
wide range of stable isotopes is being used in
deliberate addition experiments ranging from
bench scale to whole-watershed-scale (e.g.,
Hintelmann and Evans, 1997; Hintelmann
et al., 2002). These advances will be highlighted
in Section 9.04.8.

The radioisotope 203Hg has played an im-
portant role in laboratory investigations of
mercury biogeochemistry (e.g., Gilmour and
Riedel, 1995; Stordal and Gill, 1995; Costa and
Liss, 1999). Continued production of 203Hg-
enriched material has been curtailed recently,
and thus future mechanistic studies will instead
feature the use of stable isotopes.
9.04.2.3 Minable Deposits

As mentioned, higher mercury concentra-
tions in rock and soil are associated with the
global mercury belt. However, the occurrence
of minable deposits is not continuous along this
belt. In addition to Almadén (Spain), the most
productive mercury mines included Idrija
(Slovenia), New Almaden (CA, USA), and
Huancavelica (Peru). Very high concentrations
of mercury have been reported to be associated
with oceanic hydrothermal sulfide chimneys
and their weathered remains (e.g., Koski et al.,
1994; Ozerova, 1996; Stoffers et al., 1999). In
all of these cases, mercury occurs almost excl-
usively as cinnabar (red HgS), with smaller
amounts of metacinnabar (black HgS) and
elemental mercury (often as inclusion with
HgS in minerals such as sphalerite and
chalcopyrite). HgS is extremely insoluble (log
Kso (cinnabar) ¼ �36.8; Martell et al., 1998)
under typical surface water conditions, and
thus transport of mercury from these mineral-
rich environments at the Earth’s surface
generally involves sediment transport (e.g.,
Ganguli et al., 2000). The fate of cinnabar in
anoxic sediments is addressed in Section 9.04.5.
Transport of mercury to and from ore bodies
invariably involves hydrothermal systems in
the subsurface, with HgS solubility strongly
controlled by fluid pH, temperature, chloride,
sulfide, and organic carbon contents (White,
1967; Varekamp and Buseck, 1984).
9.04.2.4 Occurrence of Mercury in Fossil Fuels

Even with the stated stability of cinnabar,
mercury is mobile in the surface environment.
This is indicated by the relatively high concen-
tration of mercury in organic-rich deposits, such
as fossil fuels and shales. As we will explore
later, mercury has high affinities for organic
carbon as well as sulfide. Interest in fossil fuel
recovery and burning as a source of mercury to
the environment has led to a few published
studies in this area and we summarize some of
these data in Table 3. With notable exceptions,
concentrations in coal appear higher than those
in oil, suggesting preferential burial of mercury
in terrestrial and coastal systems rather than in
pelagic marine environments. Although mercury
concentrations are not as high in various refined



Table 3 Mercury content of fossil fuels.

Sample type Total Hg ðng g�1Þ

Coal
Chinaa 220
Std. ref. mat.b 77.4–433.2
Global estimatec 20–1,000

Unrefined petroleumd

Crude oil od.l. to 47,000
Condensate od.l. to 412,000

Refined petroleumd

Light distillates 173
Utility fuel oil 171
Asphalt 0.370.3
Gasoline 0.2–3
Diesel 0.4–3
Kerosene 0.04
Heating oil 0.59
Naphtha 3–60
Petroleum coke 0–250

aWang et al. (2000). bLong and Kelly (2002). cPacyna and
Pacyna (2002). dWilhelm (2001) and the references therein.
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petroleum materials as in coal, the oil and gas
recovery process often liberates large amounts
of mercury leading to localized contamination
of marine sediments (e.g., Grieb et al., 2001).
The concentration of mercury is sufficiently high
in some crude petroleum materials to also pose a
corrosion hazard to the drilling and transporta-
tion apparatus and represents a significant
engineering problem (e.g., Wilhelm, 1999;
Bloom, 2000).
9.04.3 SOURCES OF MERCURY TO
THE ENVIRONMENT

There have been few well-designed studies to
constrain mercury emission estimates from nat-
ural sources and allow global extrapolations.
Indeed, some work has been extraordinarily
misleading. For example, in flawed studies based
on the accumulation of mercury and other met-
als in glacial ice, Jaworowski et al. (1981) esti-
mated the annual mercury flow into the
atmosphere at 1,000Mmol with an ant-
hropogenic contribution at 50Mmol! Low-
and high-temperature volatilization processes
were offered by Jaworowski et al. as a poten-
tial explanation for the huge natural fluxes of
mercury. Such inaccuracies as well as the pau-
city of reliable investigations begs the question
‘‘What is the appropriate flux range for global
mercury emissions from sources such as volcan-
ism, biomass burning, and low-temperature
volatilization from natural waters and soils?’’
The MFM simulation (Mason et al., 1994)
of the global mercury cycle estimates natural
terrestrial emissions at 5Mmol annually. Such
emissions would include inputs from subaerial
volcanism under erupting and nonerupting con-
ditions, and the preindustrial mercury fluxes
from mineralized regions, forest fires, biological
activities, and natural waters. Today, volcanism
and volatilization from mineralized regions may
be the only purely natural sources of mercury,
because, and as illustrated in Figure 2, ant-
hropogenic mercury contamination is present
throughout the atmosphere, biosphere, the ter-
restrial realm, and the hydrosphere. Thus, a
portion of the emissions from these secondary
reservoirs represents recycled pollutant mercury;
this component has often been overlooked when
the source strengths from ‘‘natural sources’’
have been compared and assessed relative to
modern anthropogenic mercury inputs.
9.04.3.1 Volcanic Mercury Emissions

The determination of global volcanic mer-
cury fluxes from direct measurements is at best
a hazardous, expensive, labor-intensive, and,
perhaps, impossible task. Reasonably well-
constrained global estimates, however, can be
achieved through the use of elemental ratios
and a geochemical indexing approach. Sulfur
provides an appropriate index, since it is a ma-
jor component of volcanic emanations, and
there is agreement on its global flux to the
atmosphere. An example of this approach is
the work of Patterson and Settle (1987), who
combined Pb/S, Tl/S, and Bi/S ratios measured
in volcanic gases collected under eruptive and
quiescent (fumarolic) conditions with the glob-
al volcanic sulfur flux to ‘‘approximate global
volcanic emissions of these three metals to the
atmosphere.’’ One of the present authors
(Fitzgerald) measured mercury during the Pat-
terson and Settle study. Results from this re-
search were presented at two conferences
(Fitzgerald, 1981, 1996), and Fitzgerald’s esti-
mate of 40 t yr�1 appears in the paper by Pat-
terson and Settle (1987). Given the potential
importance of volcanic mercury inputs, and the
lack of investigations, a detailed description of
the mercury study is included here.

Patterson, Settle, Buat-Menard (University
of Bordeaux), Fitzgerald, and colleagues (see
‘‘Acknowledgments’’ section) evaluated volca-
nic metal fluxes using an experimental design
based on the hypothesis that metal volatilizat-
ion would be dependent on temperature, sulfur
and halogen composition of magma, and mo-
bilization by volcanic gases. Therefore, volca-
noes and fumaroles were selected to provide a
range of temperatures and S/Cl ratios. The
characteristics of the volcanic gas samples are
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tabulated in Table 4. The four volcanoes ex-
amined were Kilauea (Hawaii, USA), Mt. Etna
(Sicily, Italy), Vulcano (Aeolian Islands, Italy),
and White Island (New Zealand).

Plumes were sampled for mercury using a
simple gas train consisting of a preblanked
(pyrolyzed) glass fiber prefilter stage for par-
ticulate phases, followed by two gold traps ar-
ranged in tandem to collect gaseous mercury
(Fitzgerald and Gill, 1979; Bloom and
Fitzgerald, 1988). The fumarolic collections
were made with a gas-sampling train designed
by Clair Patterson and modified for mercury
(Patterson and Settle, 1987; shown here in
Figure 3). Any mercury associated with aero-
sols or the gas phase that escaped the two cold
traps was collected by a gas-sampling train
analogous to the plume samplers. The gas was
pumped through this system at B1 lmin�1.

In general, and as illustrated for the 1977
study of 100 1C fumarole at Kilauea, essentially
all of the mercury and the other metals are
trapped in the 0 1C condensate (Table 5). Thus,
fumarolic gas collectors for metal studies can
be simplified. The observed Hg/S weight ratio
in the Kilauea condensate was 0.9� 10�6. The
Hg/S ratios from the other investigations are
summarized in Table 4. Values range from 0.7
to 14� 10�6 with a suggestion that Hg/S may
increase as the S/Cl decreases. Dedeurwaerder
et al. (1982) were part of the Mt. Etna
study and their results for the Bocca Nuevo
plume are included in the summary. Their
plume-sampling apparatus was based on the
Fitzgerald technique and similar to that de-
scribed above. The sulfur-flux weighted mean
volcanic Hg/S from all locations is 5� 10�6.

Estimates of global volcanic sulfur emissions
are summarized in Table 6. We have chosen a
value of 9� 106 t of S per year as representative
of the recent estimates. Therefore, by applying
the determined Hg/S ratio, a global mercury
flux from subaerial volcanism is estimated to be
B 45 t yr�1, or 0.23Mmol annually. These
average emissions are only 5% of the natural
flux of 5Mmol yr�1 estimated by Mason et al.
(1994). Thus, and under long-term mean con-
ditions, other types of terrestrial volatilization
processes for mercury would dominate. Given
this conclusion, it is important to place
additional constraints on the validity of the
45 t yr�1 estimate for subaerial volcanic
mercury emissions.

First, Varekamp and Buseck (1986) reported
an average Hg/S weight ratio of 7.4� 10�6 for
emissions under nonerupting conditions from
Mts. Hood, Shasta, and St. Helens in the
United States, and from Mt. Etna. In 1981,
these investigators reported a very high Hg/S
weight ratio of 6,000� 10�6 for Mt. St. Helens
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Figure 3 Hg sampling apparatus used to collect fumarole gas samples. After Patterson and Settle (1987).

Table 6 Estimates of the global annual sulfur flux from volcanic activity.

Method S flux ð106 t yr�1Þ Reference

Rate of S loss per volcano 5.0 Stoiber and Jepsen (1973)
3.8 Cadle (1975)
4–5 Friend and Rusool (1973)

S measurements from selected volcanoes 9.4 Stoiber et al. (1987)
Nonexplosive (4.5)
Explosive (4.9)

Literature review 9 Spiro et al. (1992)
Satellite survey of SO2 emissions 6.5 Bluth et al. (1993)

Nonexplosive (4.5;
Stoiber et al., 1987)

Explosive (2.0)
Satellite and modeling 7.5–10.5 Halmer et al. (2002)

Table 5 Mercury and sulfur concentrations in volcanic gas at sulfur fumarole site, Kilauea caldera.

Collection Hg concentration Total Hg
ðngÞ

Total S
ðgÞ

Hg/S ratio
(weight)

0 1C condensate 120 ng g�1 59,200 4.0 14.8� 10�6

270 1C condensate 10 ng g�1 150 0.1 1.5� 10�6

Volcanic gas free of water 0.88 ng g�1 230 60 3.9� 10�9

Total 59,600 64 9.3� 10�7

Ambient air 10.2 ngm�3
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under erupting conditions (Varekamp and
Buseck, 1981). However, the mercury and sul-
fur measurements were not measured simulta-
neously and, according to Varekamp (personal
communication), should not be used for a
global-scale analysis of this kind. Thus, we
suggest that a mean Hg/S ratio of 5� 10�6 and
the annual emission estimate of 45 t is of the
appropriate magnitude. Nriagu and Becker
(2003), using the same Hg/S ratio and a more
detailed volcanic SO2 emissions inventory,
derived much the same conclusion (B95 t yr�1;
60% eruptive, 40% degassing).
Second, the scale of volcanic mercury fluxes
can be approximated indirectly. For example,
using the Hg/Bi ratios listed in Table 4 as well
as the Lambert et al. (1988) estimate for annual
global bismuth emissions of 1,500 t, we obtain
a range for the global volcanic mercury flux of
2–36 t yr�1. Hinkley et al. (1999) suggest
that the Lambert et al. values are a factor of
3 or 4 too high.

A comparable value of 18 t annually is ob-
tained using Olafsson’s (1975) estimate of mer-
cury emissions (7� 105 g Hg/6� 1014 g ejecta)
for the volcanic eruption at Heimay, Iceland,
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and an estimate of 6 km3 (B15� 1015 g) for an-
nual, subaerial lava production (B20% of total
annual lava production being subaerial; Crisp,
1984; Varekamp, personal communication).

Thus, annual global volcanic mercury emis-
sions estimated or measured in several ways are
o0.5Mmol (100 t), and our work yielded an
average value of 0.23Mmol (45 t). This scaling
serves two purposes: (1) it provides a frame-
work for further, needed studies of mercury
cycling associated with volcanism, and (2) it
provides a reasonably well-constrained esti-
mate for global emissions for modeling and
assessment of human perturbations of the nat-
ural mercury cycle. It is clear that average
volcanic mercury inputs are small relative to
estimates for modern anthropogenic mercury
fluxes (B9.6Mmol; Pacyna and Pacyna, 2002)
to the global mercury cycle. Indeed, and using
an atmospheric residence time of 1.25 years
(Lamborg et al., 2002b), the average yearly
terrestrial deposition of mercury from volcan-
ism would be B0.07 mgm�2. Since volcanic
eruptions vary in time and space, large-scale
eruptions might be apparent in natural archives
such as lake sediments (Chapter 9.03), and ice
cores. Carefully collected and dated lake se-
diments, however, do not reveal unusually high
accumulations in strata coincident with large
explosive aperiodic volcanic eruptions (e.g.,
Pinatubo in 1991, Krakatau in 1883, or Ta-
mbora in 1815). In contrast, and according to
Schuster et al. (2002), volcanic mercury depos-
itional signals may be evident in a recent study
of the Fremont Glacier in Wyoming, USA.
For example, their results suggest an average
global mercury depositional peak increase of
16 mgm�2 yr�1 from the 1883 Krakatau erup-
tion, which released B21 km3 of volcanic
material (Rampino and Self, 1984). As the pre-
eruption mercury deposition was B2 mgm�2

yr�1, the Krakatau event is extraordinarily
prominent at B8� the background. In con-
trast, a mercury signal associated with the June
1991 Mount Pinatubo eruption in the Philip-
pines, which released B5 km3 ash and pumice
and B50� 1012 g SO2 or 25� 1012 g S (USGS
Fact Sheet 113-97), is not evident in the
Fremont Glacier ice core. If Mt. Pinatubo were
assumed to be analogous to Krakatau accord-
ing to the Fremont ice core, then the predicted
mercury deposition would be B4� less or
B4 mgm�2 yr�1. The anthropogenically en-
hanced background mercury deposition for
1991 in the ice core was considerably larger at
B11 mgm�2 yr�1. Thus, given the large pollu-
tion-derived mercury deposition, the uncer-
tainty inherent in reconstructed fluxes, and the
assumptions, the lack of a mercury signal from
Mt. Pinatubo could reasonably be expected.
We suggest that the work of Schuster et al.
(2002), while somewhat speculative and not
well constrained, is provocative and stimulat-
ing. Moreover, there is reasonable coherence
with the Hg/S for volcanic emissions shown in
Table 4. For example, the Hg/S of 5� 10�6

when combined with the 25� 1012 g sulfur
emission estimates for the Mt. Pinatubo erup-
tion yields a mercury input of 125� 106 g mer-
cury or B0.6Mmol. This is just 6% of the
10Mmol anthropogenic mercury emissions es-
timated by the MFM simulation for the global
contribution in 1990. Therefore, the measured
Hg/S ratio suggests that the Mt. Pinatubo
eruption would not be detectable as well. The
Krakatau eruption would be predicted to be
B2.4Mmol, which would result in an average
enhancement of global mercury deposition
of only 1mgm�2 yr�1. It must be noted, how-
ever, that work from long peat cores has
suggested that large aperiodic volcanic erup-
tions may have left detectable signals in that
archiving medium as well (e.g., Martínez-
Cortizas et al., 1999; Roos-Barraclough et al.,
2002). The lack of identifiable volcanic signals in
lacustrine sediments is likely due to the ‘‘smoo-
thing’’ effect that a several-year residence time
of mercury within a lake and its watershed
would exert on such short-duration signals.

In summary, it has been demonstrated
that Hg/S ratios measured for a variety of
volcanic plumes and fumaroles, when indexed
to estimates of global sulfur emissions from
volcanism, yield a mean volcanic mercury flux
of 0.23Mmol (45 t), which is consistent with
other estimates and observations. Accordingly,
average yearly mercury emission from volca-
noes is small relative to natural terrestrial fluxes
to the atmosphere (5Mmol) and modern pol-
lution mercury entering the global cycle
(9.6Mmol). Over the 100 years time period
used in the MFM simulation, anthropogenic
mercury inputs to the global atmosphere were
1,000Mmol, while average mercury emissions
from volcanoes would be 23Mmol. Periodic
large eruptions, such as Tambora, Krakatau,
Mt. St. Helens, and Mt. Pinatubo, would
add significantly to this flux but for very short
periods.
9.04.3.2 Mercury Input to the Oceans via
Submarine Volcanism

The few attempts to determine mercury con-
centrations in oceanic hydrothermal fluids have
not been successful. As a consequence, we must
estimate the fluxes of mercury associated with
submarine volcanic activity indirectly. First, we



Table 7 Henry’s law constants for selected mercury
species (at STP).

Equilibrium H ðM atm�1Þ

Hg0(g)2Hg0(aq) 0.11
Hg(OH)2(g)2Hg(OH)2(aq) 1.2� 104

HgCl2(g)2HgCl2(aq) 1.4� 106

(CH3)2Hg(g)2(CH3)2Hg(aq) 0.13
CH3HgCl(g)2CH3HgCl(aq) 2.2� 103

Sources: Sanemasa (1975), Iverfeldt and Lindqvist (1982), and
Lindqvist and Rodhe (1985).
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assume that the Hg/S of 5� 10�6 established
for subaerial volcanism (Table 4) can be ap-
plied to the hydrothermal inputs associated
with submarine tectonic activity, and second,
that oceanic lava production is B5� as large
as the amounts formed subaerially (e.g., Crisp,
1984). Accordingly, the submarine inputs
would be B1.3Mmol annually. An upper es-
timate of 1.8Mmol yr�1 was proposed by
Fitzgerald et al. (1998), who used oceanic mer-
cury profiles and an estimate for the rate of
vertical mixing in the water column. The agree-
ment for these estimates negates the extraordi-
narily large fluxes (20–40� ) suggested by heat
flow calculations (e.g., Rasmussen, 1994),
and provides additional support for an aver-
age Hg/S ratio for volcanic emissions of
B5�10�6. An input of 1–2Mmol yr�1 is signi-
ficant and comparable with worldwide river in-
put as estimated by MFM (1994). It is
probable, however, that only a small fraction
of the tectonically associated marine mercury
inputs mixes with bulk ocean water. It is likely
that mercury will be removed from the hydro-
thermal fluids through coprecipitation of
metal sulfides and scavenging by precipitating
hydrous oxides of manganese and iron as
hydrothermal fluids mix with the oxygenated
seawater near their entry points. Moreover,
elevated levels of mercury are present in the
hydrothermally derived metal-rich deposits
found on the East Pacific Rise (Bostrom and
Fisher, 1969) and the Gorda Ridge (Koski
et al., 1994). Stoffers et al. (1999) observed
some nascent elemental mercury around
the sulfide chimneys of the White Island (New
Zealand) complex, but given the scaling argum-
ents above it would appear that submarine
volcanism does not represent a significant
source of mercury to the global ocean.
9.04.3.3 Low-Temperature Volatilization

As noted in the previous section, direct low-
temperature weathering inputs from mineral-
ized mercury deposits to aquatic environments
occur primarily through sediment transport of
cinnabar-containing material. Volatilization is
an additional form of low-temperature weath-
ering in which mercury is unparalleled by
other metals. The volatility of elemental mer-
cury is well documented, and to the extent
that mercury-containing materials possess
some fraction of their burden in the elemental
form, weathering by volatilization will occur.
Other mercury species are somewhat volatile
as well (Table 7), but most are less so by
orders of magnitude than elemental mercury.
Volatilization of mercury from soils and rock
to the atmosphere has only recently received
significant attention. Unlike air–water gas
exchange, air–soil/rock gas exchange has not
been described in theoretical terms; thus, all
that is known of mercury volatilization is from
direct flux measurements and the results of soil
manipulation experiments. Several others (e.g.,
Poissant and Casimir, 1998, and references
therein) have noted from measured fluxes
and their temperature dependence the similar-
ity of estimated and theoretical activation
energies of vaporization (B60 and 85 kJmol�1,
respectively). Measurements using flux cham-
bers and micrometeorological techniques are
the most numerous (see special section of
J. Geophys. Res. 104(D17), 1999). As noted in
Section 9.04.2, Klusman and colleagues (e.g.,
Klusman and Jaacks, 1987) attempted to
develop a tracer approach based on measure-
ments of 222Rn/He/Hg to estimate the flux of
mercury from soils indexed to the fluxes of the
other gases. Their work, however, has not
been extended beyond small-scale applications.
Finally, isotope addition experiments, inclu-
ding those of Schlüter (2000) using radioactive
203Hg additions and those of Lindberg
and colleagues using stable isotopes in the
METAALICUS program (see Section 9.04.8),
are proving very insightful.

The results from some volatilization meas-
urements over a number of substrates are
shown in Table 8, and vary widely. In general
terms, the various studies indicate that higher
concentrations of mercury in the soil/rock
substrates lead to higher evasional fluxes. Other
factors are strongly influential as well. These
include temperature, light, wind speed, and soil
moisture (e.g., Gustin et al., 1999). It is clear
that evasion of mercury from mineralized areas
can be significant; however, the results from
other substrates are currently limited by the
large uncertainties and variability inherent in
making such difficult measurements. Gustin
and colleagues have made efforts to scale up
their measurements, made primarily from
Nevada, to the western United States and
Mexico (10Mgyr�1; Gustin et al., 2000). Thus,



Table 8 Some examples of measured fluxes over natural soils.

Location Method(s) Soil conc.
ðng g�1Þ

Evasional flux

ðng m�2 h�1Þ
Reference

Sweden FC NA �2 to 2 Xiao et al. (1991)
Tennessee, USA FC 61–469 �1.81 to 54.94 Carpi and Lindberg (1998)
Quebec, Canada FC NA 0.62–8.29 Poissant and Casimir (1998)
Nevada, USA FC and MM 1,200–14,600 50–600 Gustin et al. (1999)
Nova Scotia,
Canada

FC NA �1.4 to 4.3 Boudala et al. (2000)

FC, flux chamber; MM, micrometeorology (Bowen ratio).
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this important area of research is still develo-
ping and should be active in the future.

In his review of soil volatilization experi-
ments, Schlüter (2000) also highlighted the im-
portance of the dissolved organic carbon
concentration in the soil fluids, with higher
concentrations of fulvic acids, for instance,
leading to an enhancement of mercury reduc-
tion and evasion by generating Hg(i) and then
aiding the disproportionation reaction of
(2Hg(i)¼Hg(0)þHg(ii)) through sequestra-
tion of Hg(ii). The source of the reducing
equivalents in soils appears to be species gene-
rated indirectly through photoreduction of
some kind (e.g., organic carbon and Fe(ii);
Schlüter, 2000). The flux from nonenriched
soils, though, is substantially lower than that
from the mineralized areas and may average
around 0.2 mgm�2 yr�1 (Schlüter, 2000).

Combining estimates for volcanic and low-
temperature inputs of mercury from mineralized
areas and nonenriched soils to the atmos-
phere allows an estimate of the total amount of
natural terrestrial emissions to be made. The vol-
cano work benefits from the existence of tracing
species such as sulfur that make tractable the
scaling of individual measurements to the global
scale. In the case of low-temperature volatilizat-
ion, however, no such index has yet been
developed. Therefore, translating values such as
those of Table 8 into global fluxes is difficult.

Using the data from Nevada (Gustin et al.,
2000; 0.011Mmol yr�1; 1.8� 1011m2 area), an
emission rate of B10 mgm�2 yr�1 for the global
mercury belt areas can be estimated. Further
assuming that these enriched areas represent no
more than B15% of the continental area
suggests a maximum contribution for volati-
lization from these areas of B5.6Mmol yr�1.
The addition of the small volcanic contribution
suggests that natural emissions of mercury to
the atmosphere are o5.8Mmol yr�1 and that
subaerial and submarine emissions combined
are o7.1Mmol yr�1.

The volatilization estimates are crude extrap-
olations, as they are based on assumptions
of soil concentration distributions and unde-
rstanding of driving forces behind volatiliz-
ation. They do suggest, that the emissions meas-
ured and estimated in some of the work cited are
consistent in the first order with Mason et al.
(1994) and that natural land-based sources of
mercury to the atmosphere are consistent and
likely to be B5Mmol yr�1. It has also been
noted that a flux 5Mmol yr�1 for natural
sources is consistent with the rate of atmos-
pheric deposition in the preindustrial past indi-
cated by analysis of lake sediments (e.g.,
Lamborg et al., 2002a). Finally, it must be
noted that emissions from soils removed from
natural enrichments likely contain a significant
fraction of mercury initially mobilized by
anthropogenic activities that was subsequently
deposited to soils (see Section 9.04.3.6).
9.04.3.4 Anthropogenic Sources

The human-related sources of mercury to the
environment are numerous and widespread.
Most direct inputs of mercury from point
sources to aquatic systems have largely been
contained in most developed countries. Inputs
of mercury into the environment via the at-
mosphere are of the greatest concern. These
emissions, coupled with long-distance transport
of elemental mercury, have resulted in elevated
concentrations of mercury in fish from
locations that are removed from anthropo-
genic sources (e.g., open-ocean, and semi-
remote regions in the United States, Canada,
Scandinavia; Wiener et al., 2002). A summary
of the fluxes from major sources (for 1995) is
shown in Table 9 (total of 9.6Mmol yr�1).
High-temperature processes, principally coal
and municipal waste burning, dominate
anthropogenic inputs of mercury to the atmos-
phere. The emission of anthropogenic mercury
is higher in the Northern Hemisphere (NH), as
a result of greater industrial activity and
population density. Between 1990 and 1995,



Table 9 Major classes of anthropogenic missions of
mercury to the atmosphere in 1995.

Source typea 1995 flux
ðMmol yr�1Þ

Stationary combustion 7.4
Nonferrous metal production 0.8
Cement production 0.7
Waste disposal 0.6
Pig iron and steel production 0.1

Total 9.6

After Pacyna and Pacyna (2002).
aStationary combustion includes fossil fuel burning power plants
while waste disposal includes municipal waste combustion.
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the emissions from developed economies in
North America and Europe have declined sub-
stantially. Unfortunately, they have almost
been completely replaced by emissions from
countries, especially in Asia, that have rapidly
developing economies that are coal driven.
Accordingly, Asian sources of mercury cur-
rently constitute 56% of all anthropogenic
emissions. Based on the Pacyna and Pacyna
inventory and the natural source strength
suggested by Mason et al. (1994), human
activity contributes B2/3 of the mercury emit-
ted from land-based sources each year. Simi-
larly, these estimates suggest that the emission
and deposition fluxes of mercury are currently
3� what they were in the prehuman environm-
ent. Such estimates are now widely supported
by the reconstruction of mercury deposition
from remote lakes worldwide (more below; e.g.,
Fitzgerald et al., 1998). Reconstruction of dep-
osition in the recent past (ca. 30 years) is less
certain. Many of the lake sediment archives
examined thus far either accumulate too slowly
or possess enough inherent variability that re-
cent changes are difficult to definitively recon-
struct. Furthermore, lake watersheds act to
buffer rapid changes. As a result, there is evid-
ence from a variety of archiving media for in-
creases, decreases, and relatively less change in
Hg deposition in the last few decades (e.g.,
Fitzgerald, 1995; Bindler et al., 2001; Roos-
Barraclough et al., 2002; Kraepiel et al., 2003;
Shotyk et al., 2003; Fitzgerald et al., 2005).
Some of these observations are quite clear, but
perhaps regionally confined (e.g., Iverfeldt
et al., 1995; Kamman and Engstrom, 2002).
9.04.3.5 Mining

Mining has been a long-standing and con-
tinuing source of environmental mercury
contamination. Indeed, a partial analog the
alchemist’s quest to transmute base metals into
gold is contained in the patio process in which
naturally occurring but trace amounts of gold
and silver are amalgamated (concentrated)
using large amounts of liquid mercury. The
dense amalgam can be separated from the
crushed, parent rock or from placer and
alluvial deposits, often with much loss of mer-
cury to air and aquatic systems. The gold or
silver is recovered by heating the amalgam and
vaporizing the mercury. This technology has
been employed broadly and often crudely since
its introduction by Bartolome de Medina in
1557 (Nriagu, 1979). Historically, uses of mer-
cury in gold and silver mining were especially
significant in the Americas from the mid-1500s
to the turn of the twentieth century. This un-
healthy and ecologically damaging practice
continues today, and on a large scale in many
countries (e.g., China, Brazil, Philippines,
Kenya, and Tanzania). In their review of
current gold mining, Lacerda and Salomons
(1998) found that environmental losses of
mercury are large, 1–1.7 kg per kilogram of
gold recovered. Much of the pollutant mercury
accumulates in the surrounding lands, water-
sheds, waterways, and mine tailings, and the
associated environmental and human-health
concerns are primarily local and regional.
However, there are global worries as well,
because a portion of the mercury is emitted into
the atmosphere (Porcella et al., 1997).

Mercury losses occur not only with the proc-
essing and recovery of gold and silver, but in
the mining and production of mercury. For
example, the nineteenth century ‘‘gold rush’’ in
the western United States was fueled by mer-
cury mining in California. Egleston (1887) re-
ports that between 1850 and 1889, the mercury
yield from California mines, especially from the
New Almaden operation (85%), was 1,518,380
flasks (B34.5 kg per flask). This was compara-
ble with the combined output of the two other
major mines, the Almadén (Spain) and Idrija,
Austria (now in Slovenia), which produced
1,291,636 and 347,586 flasks, respectively,
over the same time period. Moreover, and as
Egleston emphasizes, ‘‘according to the best
California authorities, the loss in the best
constructed furnaces as near as can be approx-
imated is not less than 15–20%, and in many of
the works the losses will probably amount to
double that.’’ Mercury mining activities con-
tinue today in Spain, though with a higher
sensitivity to prevent mercury releases to the
environment. Despite this, mercury mines re-
main significant sources of mercury to water-
sheds and coastal marine systems, including
inoperative sites such as Idrija and Clear
Lake, California, that supply mercury from
abandoned tailings.
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9.04.3.6 Biomass Burning, Soil, and Oceanic
Evasion—Mixed Sources

There are three prominent processes that re-
lease mercury of mixed natural and anth-
ropogenic origin into the atmosphere. These
three include biomass burning (deliberate and
natural) and the evasion of mercury from soils
and the ocean. The general factors controlling
emission of mercury from soils have been dis-
cussed in Section 9.04.3.3. The mercury re-
leased from soils that are not naturally enriched
(unlike some of the mineralized substrates de-
scribed) is mercury derived principally from
atmospheric deposition and is released from
the upper horizon pool (Schlüter, 2000, and
references therein). As the mercury that is de-
posited from the atmosphere is of mixed origin,
so is the mercury emitted into the atmosphere
from these soils. Therefore, though mercury
may be released from completely natural and
undisturbed soils as regulated by ambient
biogeochemical processes, the current flux is
not entirely natural. In the case of nonenriched
soils, this is not very significant as these
materials are net sinks of atmospheric mercury
deposition (see Section 9.04.6). In the case of
biomass burning and especially oceanic evas-
ion, however, the fluxes to the atmosphere may
be very important in the global mercury cycle.
As with soils, these processes mobilize
both natural and anthropogenic mercury and
represent sources of mixed origin. In this way,
these media act to recycle mercury in the
environment, extending the residence time of
mercury at the Earth’s surface.

Recent measurements of mercury in biomass
burning plumes from research aircraft suggest
that this process releases substantial amounts
of mercury. Brunke et al. (2001) and Friedli
et al. (2001) used CO and CO2 as indexing
species to establish fluxes of mercury of B1–
5Mmol yr�1. A first-order estimate, based on
the relative strengths of truly anthropogenic
emissions and truly natural emissions, suggests
that some two-thirds of the mercury released by
biomass burning was initially released by hu-
man activities (i.e., 0.67–3.4Mmol yr�1 anth-
ropogenic; 0.33–1.6Mmol yr�1 natural).

Oceanic evasion is a major component of
the mercury cycle. As described in greater
detail in Section 9.04.5, there are a number of
processes that may lead to evasion of elemental
mercury from the ocean. Mason et al. (1994)
found that evasion from the ocean had tripled
in magnitude in concert with the increase in
anthropogenic activities. Therefore, as with
biomass burning, nearly two-thirds of the
mercury currently evading from the ocean is
anthropogenic.
9.04.3.7 Watersheds and Legacy Mercury

Watersheds are sources of mercury to the
aquatic environment. However, similar to bio-
mass burning and evasion, the mercury re-
leased from watersheds is of mixed origin.
Because the residence time of mercury within
watersheds is fairly long (see Section 9.04.6),
the potential for the buildup of ‘‘legacy’’ mer-
cury exists. This feature is relevant when con-
sidering how rapidly a system might respond to
decreased mercury loadings. Therefore, though
decreases in mercury deposition to a watershed
may occur, the watershed will contribute more
mercury to its receiving waters than enters it
each year. Legacy mercury, however, was
released into the environment as a result of
human activity and should be viewed as an
anthropogenic source term.
9.04.4 ATMOSPHERIC CYCLING AND
CHEMISTRY OF MERCURY

Mercury is found in the atmosphere in both
gas and particle phases. Greater than 95% of
mercury exists as gas-phase elemental mercury
(Fitzgerald and Gill, 1979; Bloom and
Fitzgerald, 1988; Iverfeldt, 1991a). There is
growing evidence to suggest that some chemical
form of Hg2þ also exists in the gas phase (the
so-called reactive gaseous mercury (RGM);
Stratton and Lindberg, 1995; Sheu and Ma-
son, 2001; Landis et al., 2002). Concentrations
of total gaseous mercury (TGM; including el-
emental, ionic, and gaseous alkylated forms
such as DMHg) in remote areas are typically in
the range 1–2 ng (as mercury)m�3. Concentra-
tions below 1 ngm�3 are to be found under
certain conditions (more below) and higher
values are often observed in urban/suburban
locations. Some selected concentration and
deposition data are shown in Table 10. Parti-
cle-phase atmospheric mercury appears to be
largely Hg2þ and comprises a few percent of
total atmospheric mercury in the troposphere
(Iverfeldt, 1991a; Fitzgerald et al., 1991). There
is only one published report of mercury in
the stratosphere to our knowledge and no
measurements in other regions of the upper
atmosphere (Murphy et al., 1998). Not surpri-
singly, the authors found the concentration
of particulate mercury increased above
the tropopause as a result of enhanced oxida-
tion of elemental mercury by ozone and the
condensation of the less-volatile Hg2þ onto
ambient particles.

The vertical profile of mercury in the tropo-
sphere has been determined in a few cases



Table 10 Atmospheric deposition concentration data.

Location TGM
ðng m�3Þ

HgT in
precipitation

ðng l�1Þ

Deposition
ðmg m�2 yr�1Þ

Calculated
lifetime
ðyearsÞ

References

Florida, USA 1.4–3.1 13–23 15–28 0.3–0.7 Guentzel et al. (1995)
and Gill et al. (1995)

Tennessee, USA 5.873.6 3 30 1.2 Lindberg et al. (1992)
Michigan, USA 2.0 10 973 1.4 Hoyer et al. (1995)
S. Atlantic Ocean 1.4 4 6 1.5 Lamborg et al. (1999)
Wisconsin, USA 1.670.4 6 7 1.5 Lamborg et al. (1995)
Alert, CAN 1.2 B15 5 1.5 Schroeder et al. (1998)

and Schroeder
(personal
communication)

Global average 1.6 NA 5.6 1.8 Lamborg et al. (2002b)
Eq. Pacific 1.3 3 4 2 Mason and Fitzgerald

(1993)
Sweden 2.970.7 10 13712 271 Lindqvist et al. (1991)

After Lamborg et al. (2001).
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(Banic et al., 2003; Landis and Stevens, 2001).
In most situations, it appears that there is little
change in the mercury-mixing ratio with alti-
tude, indicating thorough vertical mixing and
an atmospheric residence time that is long
enough to make this possible. There have been
some suggestions that elemental mercury de-
creases with altitude, while reactive gaseous
mercury increases, creating a gradient for at-
mospheric deposition on large scales of the
more soluble and surface-active Hg2þ . For ex-
ample, Landis and Stevens (2001) have suggest-
ed that the vertical RGM gradient is of the
order of 400 pgm�3 over the troposphere
(6,340m, isobaric). This is a rather large gra-
dient, representing B25% of the total atmos-
pheric mercury. Applying a vertical eddy
diffusivity of 1m2 s�1 (Seinfeld, 1986) to this
gradient provides an estimate of the potential
rate of removal of RGM on a large scale of
2 mgm�2 yr�1 (or B10–30% of the observed
flux at most locations). It must be noted that
these data sets are only now being developed
and therefore the flux estimate made above is
highly speculative.

The situation of horizontal profiling is better
developed. Figure 4 illustrates data from a
number of sampling locations worldwide,
show a small but discernible interhemispheric
gradient in TGM. Values for TGM in the NH
(B1.7 ngm�3) are larger than in the south
(B1.2 ngm�3) as a result of the NH represen-
ting a greater proportion of land-based natural
and anthropogenic emissions. Horizontal
gradients on smaller scales (i.e., plumes) have
also been observed including continental scale,
urban plumes, and single industries (see
Fitzgerald, 1995 and the references therein;
Lamborg et al., 2002b).
Assuming little vertical variation in the mix-
ing ratio of total mercury in the troposphere
and using the available horizontal surface-
based measurements, Mason et al. (1994) esti-
mated the total atmospheric burden of mercury
to be 25Mmol (5 kt; Figure 2a). Accordingly,
the average tropospheric air column mercury
burden is B10 mgm�2. If the emissions of mer-
cury as outlined in Section 9.04.3 is equal to
20Mmol yr�1, then the average residence time
of mercury in the atmosphere is B1.25 years.
Such a residence time is relatively long on at-
mospheric timescales (e.g., the mixing time for
the hemispheres is B1.3 years; Geller et al.,
1997), and thus we should expect to find mer-
cury reasonably well mixed vertically and hor-
izontally as we do. This global-scale value is
within the range of similar estimates made from
various specific locations (Table 10).

It was quickly realized that the mercury spe-
cies to be found in greatest abundance in pre-
cipitation was ionic mercury (e.g., Fogg and
Fitzgerald, 1979). Some typical values of total
mercury in precipitation are shown in Table 10.
Extensive databases of precipitation mercury
concentrations are available from monitoring
networks in the United States, Canada, and
Nordic countries (e.g., US Mercury Deposition
Network, 2006). The discrepancy between the
dominant gas- and precipitation-phase species
implied a process of oxidation of elemental
mercury in the atmosphere and its subsequent
scavenging as being a major component of the
mercury cycle. Since the initial work, and par-
tially in response to increased governmental
interest in long-range atmospheric transport of
pollutant mercury, there has been an extraor-
dinary increase in research on the atmospheric
chemistry of mercury. Many mechanisms for
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elemental mercury oxidation in the atmosphere
have been proposed and a few have been stud-
ied in detail through laboratory experiments
(e.g., Munthe, 1992; Hall et al., 1995; Tokos
et al., 1998; Lin and Pehkonen, 1999; Sommar
et al., 2001; Ariya and Ryzhkov, 2003; Raofie
and Ariya, 2003, 2004; Pal and Ariya, 2004a,
b). These include homogeneous gas- and he-
terogeneous-phase reactions occurring in
cloud-water/precipitation and aerosols. The
principal constraint on gas-phase oxidation is
that the overall reaction rate must be similar to
the residence time of mercury. The rate con-
stants for oxidation by ozone and hydroxyl
radical are consistent with this constraint. In
heterogeneous-phase reactions, oxidation may
be partially balanced by reduction, leading to
complex cycling of mercury species within
cloud-water or aerosols that includes influences
by sorbent surfaces such as soot (Pleijel and
Munthe, 1995). Some of the proposed mecha-
nisms are shown in Figure 5. The ongoing
challenge for those studying atmospheric mer-
cury is to identify which of these mechanisms is
actually influential in the atmosphere and un-
der what conditions. Lamborg et al. (2002b),
based on strong rainwater correlations between
Hg and 210Pb, have suggested that a mecha-
nism including gas-phase oxidation followed by
particle and precipitation scavenging is the
dominant overall process for the removal of
mercury from the global atmosphere. The at-
mospheric chemistry embedded in the transport
and deposition model of Shia et al. (1999),
which included many of these reactions, esti-
mated the atmospheric residence of mercury to
be B1.7 years. Their simulation highlighted the
importance of aqueous-phase reduction reac-
tions in controlling the atmospheric residence
time of mercury. In more urbanized environ-
ments and close to sources, dry deposition of
particulate mercury emitted from sources or
forming shortly after emission is likely to be
the dominant removal mechanism (e.g., Keeler
et al., 1995; Chiaradia and Cupelin, 2000).

There are, however, new findings from the
Arctic and from mid-ocean that suggest this is
not the entire story. One of the more dramatic
observations in mercury biogeochemistry in re-
cent years is the so-called spring-time depletion
of mercury in high latitudes. Schroeder et al.
(1998) were the first to observed this phenom-
enon at Alert on the northern tip of Ellesmere
Island (Canada). Total gaseous mercury at this
location shows a fairly steady value of
1.5 ngm�3, typical of stations representative
of the global pool in the NH. However, at the
advent of polar sunrise and lasting for several
weeks, the concentration begins to fluctuate
between the baseline value and near-zero, with
the depletion episodes lasting hours to days.
There is also a high correlation between
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depletion of mercury and ozone, thus forging a
connection between mercury and the chemistry
and physics of Arctic haze formation and
breakdown (Figure 6; Barrie and Hoff, 1985;
MacDonald et al., 2000). Further work by Bill
Schroeder and his colleagues as well as others
in the Arctic (e.g., Lu et al., 2001; Munthe and
Berg, 2001 and references therein; Lindberg
et al., 2002) and Antarctic (Ebinghaus et al.,
2002) confirms this phenomenon as recurrent,
seasonal, and occurring in both polar regions
(though perhaps more dramatically in the Arc-
tic). Working at mid-ocean, Mason et al. (2001)
have observed a rapid oxidation of mercury
near the air–sea interface resulting from reac-
tions with sea-spray halogens. As Lindberg
et al. (2002) and others have observed, the re-
action in the Arctic is also coincident with a
buildup of reactive bromine compounds in the
polar atmosphere, pointing to a possible mech-
anistic similarity between the Arctic and mid-
ocean phenomena (e.g., Ariya and Ryzhkov,
2003; Raofie and Ariya, 2003). In both cases,
the generation of significant concentrations of
oxidized mercury in the gas phase may lead to
significant dry depositional fluxes in addition to
fluxes associated with precipitation. The assess-
ment made by Schroeder et al. (1998) when
describing the depletion events initially
was that perhaps 0.5Mmol of mercury was
deposited to the Arctic as a result of this
phenomenon (a boundary layer of 500m over
2� 105 km2 containing 1.84 ngm�3 emptied of
its mercury five times: 4.6 mgm�2 yr�1). This is
significant but not an enormous unanticipated
sink for mercury on a global scale. However,
the flux could still be quite significant for del-
icate Arctic ecosystems and their human in-
habitants. This bears further scrutiny. The
polar and mid-ocean works also imply that
such a mechanism should be looked for in
other atmospheric environments and may be of
broad significance.

Research on pathways of mercury dry dep-
osition in addition to particle phase and RGM
suggests that plants (especially trees) may take
up elemental mercury from the atmosphere
into their leaves above a certain ‘‘compensation
point’’ concentration (Hanson et al., 1995;
Benesch et al., 2001; Rea et al., 2002). Elemen-
tal mercury absorbed in this way could then be
deposited onto soils in the form of litterfall
(e.g., Johnson and Lindberg, 1995; Grigal et al.,
2000; Lee et al., 2000; St. Louis et al., 2001).
Forest foliage may also act as a particle inter-
ceptor, effectively increasing the dry deposition
velocity of particles (throughfall; Iverfeldt,
1991b). Throughfall and litterfall studies sug-
gest that the removal of mercury from the
atmosphere in forests might be as much as 3�
more than ‘‘open-field’’ deposition.

Long-term monitoring of data sets of mer-
cury in the troposphere have now been devel-
oped at several locations. A recent compilation
of results from sites in the NH show little
change in total gaseous mercury (TGM)
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concentrations over the last decade (Slemr
et al., 2003). Such research efforts are being
performed in a social context of decreased
mercury emissions from a number of countries
(see Section 9.04.3). It is therefore difficult to
predict the future direction of secular change of
mercury in the atmosphere. However, as
suggested, it may be that the reduced emissions
from developed countries and relatively uncon-
trolled sources in Eastern Europe, for example,
will be offset by increased emissions associated
with developing economies such as China.

However, assuming for the moment that the
atmosphere is near a steady state between
emissions and deposition (Mason et al., 1994),
the emissions estimates of Section 9.04.3
can be used to gauge the magnitude of the de-
positional flux (20Mmol yr�1). This flux is
not uniform, with low latitudes receiving
more mercury per unit area than high latitudes
and continental regions more than oceanic
areas. These general trends are the result of
several factors. If wet deposition tends to be
more important in the removal of mercury
than dry processes, wetter regions such as the
tropics can be expected to have higher overall
fluxes of mercury. This trend is evident even
on regional scales, as for instance the flux of
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mercury to lakes on the wet side of New Zea-
land’s South Island are much higher than
on the dry side (Lamborg et al., 2002a). The
difference between mid-continent and mid-
ocean fluxes of mercury from the atmosphere
appears to be one driven principally by trans-
port from the continents, where sources to
the atmosphere are strong, a process recently
traced using 222Rn (Lamborg et al., 1999).

There remains an intriguing inconsistency
between experiments related to the mechanisms
for mercury removal. Many laboratory, field,
and model efforts indicate that the lifetime of
mercury in the atmosphere must be 1–2 years,
but there exist a number of plausible removal
mechanisms (such as foliar mercury uptake
followed by litterfall) that suggest the flux from
the atmosphere is more consistent with life-
times that are o1 year. The likely resolution of
this problem lies in the observation that ma-
jority of the Earth’s surface is covered by areas
that are not temperate or boreal forests, inclu-
ding the open-ocean and tropical regions. The
deposition to the ocean is consistent with an
atmospheric residence time in excess of
1 year, while the mercury cycling within trop-
ical forests is understudied.
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9.04.5 AQUATIC BIOGEOCHEMISTRY
OF MERCURY

A brief overview of the marine biogeochem-
ical cycle of mercury was presented in the in-
troduction. Here, a broader picture of the
reactions and species-specific interactions in-
volving mercury in natural waters appears in
Figure 7. This mechanistic scheme, taken from
Fitzgerald and Mason (1997), is derived in part
from the simulation of the biogeochemistry of
mercury in temperate lakes (Hudson et al.,
1994). Hudson and colleagues (1994) as part of
the successful and scientifically influential Mer-
cury in Temperate Lakes Program (MTL) con-
ducted in northern Wisconsin, USA, developed
a mercury cycling model (MCM). Comparable
models have been developed for other fresh-
water environments such as the Florida
Everglades (Beals et al., 2002) and Onondaga
Lake, a highly mercury-contaminated and
USEPA-designated ‘‘superfund’’ site (Gbondo-
Tugbawa and Driscoll, 1998). We anticipate
that, as information increases, analog biogeo-
chemical MCMs will be developed and applied
for marine systems. Accordingly, we have cho-
sen to illustrate major features of the aquatic
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cycling of mercury using the near-shore
environment as a generalized working analog
for aquatic systems.

Although organic and inorganic ligands and
organisms differ in fresh and salty environm-
ents, much of the biogeochemical processing
and movement of mercury are expected to
be similar. Representative distribution and
speciation data for mercury in natural waters
are presented in Table 11. MMHg was first de-
termined in freshwaters by Bloom (Bloom,
1989; Watras et al., 1994), and is now well
documented (e.g., Verta and Matilainen, 1995;
Mason and Sullivan, 1997). In 1990, Mason
and Fitzgerald reported finding methylated
mercury species, including DMHg, in the
open-ocean waters of the equatorial Pacific
Ocean (Mason and Fitzgerald, 1990, 1993).
Their presence has been confirmed for the At-
lantic Ocean, Mediterranean Sea, and estuaries
(Cossa et al., 1994; Mason et al., 1998; Mason
and Sullivan, 1999a, b). Likewise, the produc-
tion and supersaturation of Hg0 is well docu-
mented in fresh- and saltwaters since the initial
papers were published by Vandal
et al. (1991) for lakes and Kim and Fitzgerald
(1986) for the equatorial Pacific Ocean. As
Figure 7 shows, the cycling of Hg0 and MMHg
is intimately linked by their competing and
critical roles in the aquatic biogeochemistry of
mercury (substrate hypothesis). Notice that, in
general, the speciation, transformation path-
ways, reactions, and processes can be con-
nected to reactive mercury. This reactant or
‘‘substrate’’ should be viewed broadly to en-
compass labile inorganic and organically asso-
ciated mercury species. Sources include
atmospheric deposition/exchange, watersheds,
riverine inputs, sewage, and other human-
related discharges.

Using Table 11 as background and Figure 7
as a guide, important features associated
with mercury cycling in all natural waters but
especially seawater are re-emphasized and
highlighted in the following summary:

1. The principal source of the toxic species,
MMHg, in marine and many freshwater
aquatic systems is in situ biologically medi-
ated conversion of labile reactive mercury.
As discussed, SRB have been implicated as
the primary synthesizers (Compeau and
Bartha, 1985; Winfrey and Rudd, 1990;
Gilmour and Henry, 1991). The bioamplifi-
cation of MMHg in the aquatic food chain
yields concentrations in fish that are often
more than a million times greater than its
levels in water. Many freshwater systems
also receive significant inputs of MMHg
from their watersheds, particularly wetlands
(e.g., Hultberg et al., 1994; Hurley et al.,
1995; St. Louis et al., 1996). Salt marshes
can also be prolific generators of MMHg,
but do not appear to be larger sources than
coastal sediments (Langer et al., 2001). They
are, however, important nurseries for many
aquatic organisms and could represent loca-
tions of significant MMHg accumulation in
the early life stages of some fish species.

2. Hg0 is an important species in air and
water, and in situ direct reduction of labile
reactive mercury by biotic (i.e., bacterial)
and abiotic (i.e., photochemical) means is a
principal pathway for its aqueous produc-
tion (Amyot et al., 1994, 1997; Rolfhus,
1998; Costa and Liss, 1999); biological de-
methylation mechanisms (see Figure 7) yield
small amounts of Hg0 (Mason et al., 1993).
The mechanisms of reduction are unclear
and are the focus of current study. The
reverse reaction, oxidation of Hg0, also oc-
curs (e.g., Amyot et al., 1997; Lalonde
et al., 2001). Thus, ambient Hg0 concentra-
tions can be expected to vary in space and
time in response to changes in the forces that
drive the reduction and oxidation reactions
(e.g., bacterial activity, light, temperature,
dissolved organic carbon (DOC), and total
mercury). Examples of diel and seasonal
variations in Hg0, consistent with this view,
are becoming more common in the literature
(e.g., Lindberg et al., 2000; Rolfhus and
Fitzgerald, 2001; Amyot et al., 2001; O’Dris-
col et al., 2003; Tseng et al., 2003, 2004; Ba-
lcom et al., 2004).

3. Reiterating, in situ Hg0 production (natu-
ral waters are generally supersaturated)
and emissions to the atmosphere are major
processes; they exert a first-order (primary)
control on the overall biogeochemistry
and bioavailability of mercury in aqueous
systems, and the water–air fluxes must be
considered in global/regional atmospheric
and aquatic biogeochemical models of
the mercury cycle; the reduction reactions
(leading to aqueous emissions of Hg0 )
are recycling mercury derived from both
natural and anthropogenic sources of mer-
cury, and, thereby, extending the lifetime
of pollutant and natural mercury in active
reservoirs.

4. The aqueous production of Hg0 competes
for reactant (i.e., labile reactive mercury)
with the in situ biological synthesis of
MMHg; thus, water bodies with a large
production of Hg0 will have less bioavailable
mercury, smaller amounts of MMHg in bio-
ta, and reduced mercury accumulation in the
sediment (Wiener et al., 1990b; Rada and
Powell, 1993; Fitzgerald et al., 1991).



Table 11 Mercury species concentrations in a variety of natural waters. All data in picomolar, except where noted.

Location Dissolved
total Hg

Particulate
total Hg

Dissolved
reactive Hg

Dissolved
MMHg

Particulate
MMHg

Dissolved
DMHg

Dissolved Hg0 References

Freshwaters
Lake Michigan, USA 1.6 0.58 NA 0.025–0.05 0.01–0.015 NA 0.14070.085 Mason and Sullivan (1997)
Lake Superior, USA/
Canada

ca. 0.5–5a 0.04–0.43b 0.08–0.57 0.008–0.064 0.00005–3.9b NA 0.03–0.17 Rolfhus et al. (2003)

Lake Hoare, Antarcticaa 2.7–6.8 NA 0.4–1.2 o0.4–1.2 NA NA NA Vandal et al. (1998)
Everglades 5–10a NA 0.15–0.5a 0.25–2.5a NA NA 0.025–0.225 Hurley et al. (1998)
Wisconsin lakes, USA 3–6 1–2 NA 0.1–0.9 0.15–0.35 o0.003 0.035–0.355 Watras et al. (1994) and

Fitzgerald et al. (1991)

Estuaries/coastal
San Francisco Bay, USA 0.4–174 0.3–439 NA 0–1.6 0–1.92 NA 0.043–9.8 Conaway et al. (2003)
Long Island Sound,
USA

1.6–13.1 o0.1–24.1 o0.1–7.6 0–3.3 o0.01–2.91 NA 0.037–0.89 Vandal et al. (2002) and
Rolfhus and Fitzgerald
(2001)

North Sea and Scheldt
estuary

0.5–14 0.1–6b NA 0.05–1.37 0.0009–0.0435b NA 0.06–0.8 Baeyans and Leermakers
(1998) and Leermakers
et al. (2001)

Siberian estuaries 0.7–17 0.15–9.4 NA NA NA NA NA Coquery et al. (1995)
Loire and Seine estuaries 1–6 0.42–13.3b o0.4–2.1 NA o0.0015–0.0296b NA o0.05–0.454 Coquery et al. (1997)
Chesapeake Bay, USAa B3–40 NA NA B0.05–0.8 NA NA B0.1 Mason et al. (1999)
Pettaquamscutt R., USA B1–25 B0–18 0.4–8a o0.05–4 o0.05–6.88 NA o0.025–0.4 Mason et al. (1993)
Brazilian lagoons 18.5–55.2 18–230 0.18–0.43 NA NA NA NA Lacerda and Gonçalves

(2001)

Open ocean
Mediterranean Sea 0.8–6.4a NA o0.2–0.97a o0.15a NA o0.13–0.29 o0.02–0.39 Cossa et al. (1997)
Black Sea 1.6–11.8 NA NA o0.025–1.04 NA o0.002–0.041 0.21–1.16 Cossa and Coquery (in press)

and Yigiterhan et al. (2006)
North Pacific 0.1–2 NA NA NA NA NA NA Laurier et al., 2004
Eq. Pacific Oceana NA 0.11–5.87 0.4–6.9 o0.05–0.58 NA o0.005–0.67 0.015–0.69 Mason and Fitzgerald (1993)
North Atlantic 2.471.6 0.03570.02 0.870.44 1.0471.08c NA 0.0870.07 0.4870.31 Mason et al. (1998)
South Atlantic 2.971.7a 0.170.05 1.771.2a o0.05–0.15 NA o0.01–0.1 1.270.8 Mason and Sullivan

(1999a, b)

aThese samples were unfiltered. bUnits of nmol Hg gm�1 of suspended material, dry weight. cLikely includes anomalously high results.
NA, not available.
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5. Given the affinity of Hg2þ for sulfur (i.e.,
sulfydryl groups) and its ability to form very
stable organomercury chelates, organic com-
plexation will exert an important control on
the bioavailability of mercury.

6. Inorganic complexation with sulfur is a pri-
mary reaction in reducing environments.
This reaction may occur in oxygenated wa-
ters where, for example, microenvironments
develop such that oxygen is depleted and
sulfate reduction takes place. This is one
possible explanation for the presence of
MMHg in ocean surface waters. There is a
triad of competing ligands for free mercury
in most aqueous systems. Organic ligands
compete with chloride in saltwater and with
hydroxide in freshwater, while sulfur be-
comes especially competitive as oxygen
levels decline, and SRB activity increases.

As a point of analytical and environmental
interest, Hg0 is more readily measured in
natural waters than MMHg. Since the in situ
production of MMHg and Hg0 is proporti-
onal to the supply of reactive mercury, a com-
prehensive understanding of the aqueous Hg0

cycle and its temporal and spatial patterns
may provide a means to constrain and
improve predictive models for the aquatic
and atmospheric biogeochemistry of mercury
and MMHg in natural waters. For a sense of
the potential geochemical benefits from auto-
mated Hg0 measurements, readers should
refer to some recent field studies of Hg0 (e.g.,
Lindberg et al., 2000; Amyot et al., 2001;
Balcom et al., 2000).
9.04.5.1 Environmental Mercury Methylation

Given the importance of in situ synthesis of
MMHg through conversion of less-toxic mer-
cury species and its prominent role in the
aquatic cycling of mercury (Figure 7), aqueous
mercury methylation merits added considera-
tion. As outlined, bacterial mediation enhances
the rates at which mercury, a ‘‘soft acid,’’ can
form alkylated species in aquatic environments.
This extraordinary interaction and its potential
consequences have provided the rationale for
much environmentally related mercury re-
search over the past three decades. Indeed,
the biologically mediated synthesis of alkylated
mercury species can readily account for most of
the MMHg accumulating in biota, especially
large fish, in most marine and freshwaters
(Wiener et al., 1990a; Fitzgerald and Watras,
1989; Watras et al., 1994; Rolfhus and
Fitzgerald, 1995; Benoit et al., 2003; Hammers-
chmidt et al., 2004).
9.04.5.1.1 Near-shore regions

The near-shore environment provides a useful
biogeochemical framework for outlining current
knowledge regarding mercury methylation in
aqueous systems. Mechanistically, recent work
in freshwaters and near-shore sediments has not
only pointed to SRB as methylating agents, but
transition regions between oxygenated and an-
oxic conditions (e.g., low oxygen/hypoxic) as
the principal sites of MMHg production (e.g.,
Gilmour and Henry, 1991; Watras et al., 1994;
Langer et al., 2001; Hammerschmidt and
Fitzgerald, 2004; Hammerschmidt et al., 2004).
While mercury methylation does occur in the
water column and is especially important
throughout most of the oceans (i.e., pelagic
regions, e.g., Topping and Davies, 1981), the
major sites for production are associated with
particles and depositional environments such as
lake and coastal/estuarine sediments, wetlands,
and marshes (Watras et al., 1994; Gilmour
et al., 1998; Langer et al., 2001; Hammerschmidt
et al., in preparation). Microbial production of
MMHg in sediment is influenced by a number
of environmental factors that affect either the
activity of methylating organisms (i.e., SRB)
or the availability of inorganic mercury for
methylation. For example, recent studies of
MMHg levels in bulk surface sediment (e.g.,
Benoit et al., 1998a; Gilmour et al., 1998; Krab-
benhoft et al., 1999; Mason and Lawrence,
1999; Hammerschmidt and Fitzgerald, 2004;
Sunderland et al., in press) have shown depend-
encies on inorganic mercury, organic matter,
and sulfide. In marine and estuarine sediments,
where seawater provides ample sulfate, rates of
sulfate reduction are influenced mostly by avail-
ability of organic matter and temperature
(Skyring, 1987). King et al. (1999, 2000, 2001)
have demonstrated that the rate of mercury
methylation is closely related to that of sulfate
reduction.

Estuarine/marine systems that are highly
productive or receive autochthonous inputs
of organic matter are prime locales for en-
hanced rates of mercury methylation and eco-
system exposure to MMHg. However, recent
studies have illustrated that although signi-
ficant mercury methylation occurs in such
environs, production of MMHg is attenuated
by accumulation of sulfide, the metabolic
by-product of sulfate reduction (Figure 8;
Gilmour and Henry, 1991). In estuarine and
marine sediments, where activity of SRB is high
and largely independent of sulfate, sulfide in-
hibition of mercury methylation is clearly
demonstrated by the inverse relationship with
sulfate. In contrast, mercury methylation in
freshwater systems is directly related to sulfate,
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which limits SRB metabolism. Hence, maxi-
mum mercury methylation occurs in sediments
where organic matter and sulfate are suffi-
ciently high as to stimulate SRB metabolism,
but not so high as to cause accumulation of
sulfide that inhibits the availability of mercury
for methylation (Gilmour and Henry, 1991,
figure 8, the ‘‘Gilmour curve’’).

A mechanism by which sulfide affects me-
thylation of mercury was recently proposed by
Benoit et al. (1999a, b, 2001a, b). Sulfide affects
the chemistry of inorganic mercury in sedim-
ents by precipitating it as solid mercuric sulfide
and forming dissolved mercury–sulfide com-
plexes, including HgS0, HgS2

2�, and HgHS2
�.

HgS0 is a major dissolved mercury–sulfide
complex when sulfide is o10�5M, and charged
complexes, mainly as HgHS2

�, are dominant at
greater levels (Figure 9; Benoit et al., 1999a).
The mechanism for uptake of inorganic mer-
cury by methylating bacteria is not known,
though the research of Benoit et al. points to
diffusion of neutrally charged HgS0 through
the cellular membrane as the key factor. As a
result, maximum rates of mercury methylation
occur in sediments where SRB activity is signi-
ficant but the accumulation of sulfide is mini-
mized, thereby favoring speciation of dissolved
Hg–S complexes as HgS0.

Sulfide oxidation occurs both microbially
and abiotically. In coastal sediments that are
not subject to water column anoxia, burrowing
animals mix the upper few centimeters of sed-
iment (i.e., bioturbation), homogenizing the
sedimentary solid-phase and pore water con-
stituents (e.g., Gerino et al., 1998). In doing so,
underlying anoxic (i.e., sulfidic) sediments are
mixed with overlying oxic sediments, thereby
minimizing accumulation of sulfide via dilution
and abiotic and microbially mediated oxidation
reactions. Sulfide-oxidizing bacteria (SOB) are
chemolithotrophs that use sulfide as a source of
energy and reducing power. Bioturbation also
can stimulate SRB activity by translocating
organic matter from surface sediments to depth
(Hines and Jones, 1985; Skyring, 1987; Gerino
et al., 1998). Hence, bioturbation of estuarine
sediments likely stimulates mercury methyla-
tion by both enhancing SRB activity and min-
imizing accumulation of sulfide. Biologically
mediated reworking of coastal/estuarine sedi-
ments, in general, keeps some portion of the
historic (buried) inventory of anthropogenic
mercury (‘‘mercury pollution legacy’’) active.
Given that legacy mercury can be methylated
and mobilized in the coastal zone (unlike in
lakes), a significant delay is likely between
reductions in modern loadings and expected
declines in MMHg in the fish stock. This
unfortunate expectation for marine systems
must be emphasized when considering the
expected and observable benefits from ‘‘zero
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mercury use’’ environmental legislation and
remediation efforts.

In sediments that are less bioturbated, SOB
promote mercury methylation by minimizing
accumulation of sulfide. These bacteria prolif-
erate in redox transition zones overlying SRB.
By consuming sulfide, SOB minimize its accu-
mulation, promoting speciation of mercury–
sulfide complexes as HgS0 and facilitating
uptake of inorganic mercury by proximal
SRB. The well-defined relationships between re-
dox transition zones, rates of mercury methyl-
ation, and MMHg distributions in salt marsh
sediments are illustrated in Figure 10 (Langer
et al., 2001). These results are consistent with
those predicted by the hypotheses of Benoit
et al. (1999a, b). Clearly, the diverse chemistry
and microbiology of the redox transition zone
makes it an important location for MMHg syn-
thesis in sediments. Although SRB appear to
the principal methylators, there is also evidence
for mercury methylation by iron-reducing bac-
teria (Gilmour, personal communication).

Demethylation in the water column and
sediments is receiving increasing attention.
Both abiotic (e.g., Sellers et al., 1996, 2001)
and biotic (e.g., Pak and Bartha, 1998; Marvin-
Dipasquale and Oremland, 1998; Marvin-
Dipasquale et al., 2000; Hintelmann et al.,
2000) processes are implicated. The result is
that MMHg accumulation in aquatic systems
represents a balance between methylation, bio-
accumulation, and the demethylation proc-
esses. In sediments, MMHg decomposition is
particularly important, and it is possible that
some sediments represent net sinks, rather than
net sources, for MMHg in the water column.

9.04.5.1.2 Open-ocean mercury cycling

In contrast to the near-shore, mercury
methylation in the water column is thought to
be the primary source of MMHg in the open
ocean, though lateral inputs from continental
shelves are also potentially important sources
(Hammerschmidt and Fitzgerald, 2006). As
shown in Table 11, DMHg is found in sea-
water, but has not been observed in common
freshwaters (Mason et al., 1993; Mason and
Fitzgerald, 1993; Mason and Sullivan,
1999a, b). Indeed, MMHg is the predominant
alkylated species in temperate lakes, while
DMHg and (to a lesser extent) MMHg are
common constituents of the dissolved mercury
pool in ocean waters. The unique presence of
DMHg in seawater prompted Mason and
Fitzgerald (1993, 1996) to propose the follow-
ing reaction sequence:

Hg2+ DMHg MMHg

Hg0

part.
MMHg

where DMHg would be the principal product
from the methylation of inorganic mercury with
MMHg and Hg0 derived from the decomposi-
tion reactions. The primary source of Hg0 in
aqueous systems, however, remains the in situ
direct reduction of labile reactive mercury by
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biotic (i.e., bacterial) and abiotic (i.e., photo-
chemical) processes (Figure 7). Decomposition
is the principal loss term for DMHg, while
particulate scavenging and decomposition are
important sinks for dissolved MMHg. This view
of mercury cycling in the ocean is very spec-
ulative. DGM formation has been little studied,
and the organisms responsible for methylation
in the open ocean are not known (nor have the
pathways been elucidated).

9.04.5.1.3 Open-ocean mercury profiles

An appreciation of the challenges of ultra-
trace metal investigations can be gained from a
consideration of mercury speciation and distri-
butional information for open ocean. A classic
vertical distributional profile for mercury in the
northeast Pacific Ocean is shown in Figure 11
(Gill and Bruland, 1987). As expected with
a biogeochemically active element, mercury
shows a nonconservative distribution, one that
is not governed by simple mixing of ocean
waters. Total mercury concentrations range
from 1.8 pM at the surface to 0.3 pM in the
upper ocean minimum. The atmospheric mer-
cury enrichment in the near-surface waters was
captured due to recent rains and short-term
stratification. The minimum is indicative of
mercury removal via particulate scavenging
processes that are biologically mediated. The
gradual increase in mercury at depth may re-
flect regeneration processes. Today, and given
the analytical improvements since the Gill and
Bruland report, a more comprehensive suite of
mercury species can be determined, along more
insightful biogeochemical reaction-based expla-
nations for the distributional patterns in space
and time. A summary of such extensive mer-
cury measurements appears in Table 11.

An example of recent data comes from the
Third IOC Baseline Trace Metal Cruise, which
took place during May–June of 1996 in the
equatorial and South Atlantic (Mason and
Sullivan, 1999a, b). We selected vertical profiles
for mercury species for one station (#8 at 171 S,
251W) from among six others examined as part
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of the Mason and Sullivan Program. These
data are presented in Figure 12. DMHg, Hg0

(total dissolved gaseous mercury—the small
contribution of DMHg), and total mercury are
plotted versus depth. In addition, and as a ref-
erence, the distributions of dissolved silicon
and salinity are shown. First, the results con-
firm the presence of methylated mercury spe-
cies, especially DMHg, and Hg0 in oxygenated
ocean waters. Here, however, and in contrast to
the North Atlantic (Table 11), MMHg levels
were at the detection level (0.05 pM). Mason
and colleagues (1998) noted, given the uncer-
tainty and the high detection limit (0.5 pM) in
their study, that the values reported for MMHg
in the North Atlantic may be too high. If these
values were greater than for the South Atlantic,
this trend would suggest that MMHg is either
decomposing or scavenged more rapidly than it
is formed. The prominence of Hg0 (450%) re-
lative to the total mercury present (average of
2.471.4 pM) is a most striking feature. Its
abundant presence at depth is consistent with
the hypothesis outlined above where MMHg,
which is produced as DMHg decomposes. A
portion of the MMHg is scavenged by partic-
ulate matter and Hg0 produced as the relatively
stable product (under dark conditions) of the
decomposition of the MMHg.

Most DMHg is produced in the near-surface
waters, but, as illustrated in Figure 12, little is
found in the euphotic zone because DMHg is
readily decomposed photochemically. DMHg
accumulates in the intermediate depths (see
profile) above 1,500m. Below 1,500m, small
but significant concentrations (0.02–0.03 pM)
occur, but they are considerably smaller than
values (0.1670.8 pM) in the source region
of the North Atlantic Deep Water (NADW;
Mason et al., 1998). While the DMHg decline
in the modestly advecting NADW (southward
travel time B100 years to reach the study
regions of South Atlantic and equatorial At-
lantic) is significant, decomposition rate esti-
mates for DMHg in advecting deep ocean
waters imply that sufficient production must be
occurring to yield measurable concentrations
(Mason and Sullivan, 1999a, b). This produc-
tion is presumably fueled by the very small
transport of carbon from the surface regions to
below 1,500m.

In summary, mercury speciation studies in
oceanic systems are revealing the complex in-
teractions of this biologically active and reactive
element. However, as emphasized, the spatial
and temporal coverage is sparse and many of
the biogeochemical insights and hypotheses at-
tempting to explain the behavior and fate of in-
marine systems are speculative. Indeed, the
challenging and complicated marine biogeo-
chemistry of mercury beckons the curious and
innovative. There is much to discover.
9.04.6 REMOVAL OF MERCURY FROM
THE SURFICIAL CYCLE

The work summarized in Section 9.04.3 not-
withstanding, most studies indicate that soils
and terrestrial sediments act as net sinks of
mercury on timescales of centuries. Such a
statement is supported by a review of the mer-
cury content of soils from around the world
and supporting data that allow determinations
of mercury inventories in various soil horizons
(Table 12). For comparison, we have estimated
the ‘‘excess mercury’’ inventories resulting from
anthropogenic activities using the integrated
human emission inventory over the last
100 years estimated by Mason et al. (1994;
947Mmol total, 447Mmol globally uniform,
500Mmol near source). As the continental area
of the globe is B1.5� 108 km2 and assuming
uniform distribution and no soil loss, we expect
to find from 0.6mgm�2 in remote areas to
2.6mgm�2 in ‘‘nonremote’’ areas (taken to be
one-third of the continental area). Most of the
lake sediment data cited fit this range reason-
ably well. The soil data also display agreement
depending on the assumed depth of penetra-
tion of the modern mercury signal. Matilainen
et al. (2001) found that additions of radioactive
203Hg were quantitatively retained in the
organic humus layer of their test soils (O
horizon), and thus we might expect little ver-
tical penetration of the modern signal. This
leads to the conclusion that most of the mer-
cury that has been deposited to soils in the last
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B100 years is still present in active biogeo-
chemical zones in these systems.

These estimates suggest that human-related
contributions to soil loadings of mercury (the
excess mercury) are a significant if not always
dominant contributor to the total soil column
mercury inventory. The natural weathering in-
puts of mercury to soils may be examined if we
assume that the residence time of mercury
within soils is similar to that of organic carbon,
citing the strong associations between mercury
and humic materials already mentioned. Esti-
mates of organic carbon residence within soils
is wide ranging and dependent on ecological
setting, but may average B100 years. This ap-
proach is supported by the observation that
agricultural fields, which experience net losses
of organic carbon as a result of human use,
show lower mercury inventories than undis-
turbed soils (Grigal et al., 1994). As 100 years is
the approximate timescale over which major
human perturbation has taken place, we may
subtract the estimated excess mercury loading
from the total inventory to arrive at an estimate
of the weathering input (Table 12). In most
instances, the natural and excess loadings are
comparable as was the ratio of natural to
human-related emissions inventories during
that period. Thus, it appears that on millen-
nial timescales, soils are not net sinks for mer-
cury, and release their burden to natural waters
through runoff and erosion and to the atmos-
phere by volatilization and from fires.

Such bulk, integrative studies are supported
by short-term studies of mercury loadings to
watersheds and subsequent runoff in surface
streams. A number of studies have indicated
that 70–95% of the mercury deposited under
these conditions is retained within the soils of
the watersheds. Retention estimates made in
this way could be biased low due to the slow
release of ‘‘legacy mercury’’ deposited over the
previous decades that increases in magnitude as
the total watershed inventory increases (e.g.,
Mierle, 1990; Aastrup et al., 1991; Swain et al.,
1992; Krabbenhoft et al., 1995; Scherbatskoy
et al., 1998; Lawson andMason, 2001; Kamman
and Engstrom, 2002; Lamborg et al., 2002a).

The flux of mercury from the continents to
the ocean in river runoff has been estimated to



Table 12 Concentrations of mercury in soils and terrestrial sediments and estimates of the anthropogenic
mercury inventory (xsHg).

Location(s) Soil/sed. Hg conc.
ðng g�1Þ

Soil/sed. Hg
inventory
ðmg m�2Þ

References

Soils
Cedar Creek, MN, USA 140730 0.370.2 Grigal et al. (1994)
Organic layer
0–10 cm 3677 3.470.5
10–50 cm 1174 774
Fr. Guiana (rain forest) 122–318 Roulet and Lucotte (1995)
0–30 cm
Sweden O Horizon 320710 B1.5 Alriksson (2001)
B Horizon 4373
C Horizon 1371
Nevada, USA 100–15,000 Gustin et al. (1999)

Lake sediments
Northern Quebec, Canada 25–450 Lucotte et al. (1995)
NS and NZ lakes 10–300 0.32–0.95a Lamborg et al. (2002b)

Ice cores
Fremont Glacier, USA 0.002–0.035 B1a Schuster et al. (2002)

Model estimate
Est. avg. anthrop. signal 0.6–2.6a This work; Mason et al. (1994)

Coastal sediments
Long Island Sound, USA o30 to 4600 B30–170a Varekamp et al. (2000)
Northern Adriatic Sea 20–230 B13a Fabbri et al. (2001)
Chesapeake Bay, USA 60 to 41,000 NA Mason et al. (1999)
Gulf of Cadiz, Spain B50–250 B75a Cossa et al. (2001)
Gulf of Trieste, Adriatic Sea 100–23,300 B12,000a Covelli et al. (2001)
Florida Bay, USA B10–236 B1.6a Kang et al. (2000)
San Francisco Bay, USA 20–700 (MMHg:

0–3.5)
NA Conaway et al. (2003)

S. Baltic Sea 2–340 1.2a Pempkowiak et al. (1998)
S. China Sea, Malaysia 20–127 NA Kannan and Falandysz (1998)
Anadyr est., Bering Sea,
Russia

77–2,100 NA Kannan and Falandysz (1998)

Mouth of St. Lawrence est.,
Canada

B50–100 B4.5a Gobeil and Cossa (1993)

Greenland B6–275 NA Asmund and Nielsen (2000)
Santa Barbara Basin, USA 60–160 NA Young et al. (1973)

Pelagic sediments
Arctic Ocean 10–116 NA Gobeil et al. (1999)
Kara Sea 75–2,045 NA Seigel et al. (2001)
W. Mediterranean B80 NA Cossa et al. (1997)
Laptev Sea 25–140 NA Cossa et al. (1996)

aIncludes just the anthropogenic or excess Hg.
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be B1–5Mmol yr�1 (Mason et al., 1994; Cossa
et al., 1996). While some of this material is
volatilized as outlined in Section 9.04.5, most is
buried in coastal sediments (e.g., Fitzgerald
et al., 2000). Deeper coastal sediments or re-
mote, surface lacustrine sediments are of the
order of 10–50 ng g�1 dry weight. Typical sur-
face sediments, even from systems not receiving
direct inputs from industrial activities, can be
10� the background value. Extreme examples,
such as the near-shore sediments of the Gulf of
Trieste (NE Adriatic Sea), which receives the
river discharge from the mercury mining and
mineralized area of Idrija, are also to be found
(Table 12). This enrichment of surface coastal
sediments is not likely to be due to sediment
diagenesis, as the flux of mass and mercury to
the sediment overwhelms upward diffusion
(Gobeil and Cossa, 1993). Thus, the excess
mercury associated with the enrichments may
be used to gauge the impact of human activity
on the coastal zone, as shown in Table 12. Many
of the values estimated here are larger than
that expected from release of mercury from
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watersheds following atmospheric deposition.
This estimate was made by assuming B25%
of the continental deposition (250Mmol)
was delivered to 10% of the ocean area
(3.6� 107 km2) giving 4mgm�2. This difference
is the result of periods when significant non-
atmospheric point- and area-source inputs
to coastal systems and their watersheds were in
effect. Such a condition exists currently, for ex-
ample, in the case of relatively unrestricted gold
mining in Amazonia resulting in large docu-
mented accumulations of mercury in the
river sediments and presumably in the coastal
sediments of the western equatorial Atlantic
(e.g., Lechler et al., 2000). The residence time of
mercury in this pool is difficult to estimate given
our relatively sparse data, but is likely to be
similar to the residence time of the sedimentary
material. For example, Herut et al. (1996) found
that mercury contamination of the sediments
of Haifa Bay, Israel, was disappearing in a
manner consistent with sediment remobilization,
and could have a half-life in excess of 100 years.
These sediments then represent a significant sink
for mercury on the global scale. This pool
should also be viewed as an environmental and
public health concern for the future because this
material is concentrated in a relatively small
area of the ocean and one that is biologically
productive and commercially important (see
Section 9.04.5).

Finally, open-ocean sediments receive a por-
tion of the mercury deposited to the ocean.
Here, the data are particularly sparse and only
a handful of studies are available to guide our
discussion. Concentrations of mercury in these
materials can be found in Table 12. Given the
slow rate of accumulation and rapid recycling
of material in the upper ocean, it is to be
expected that little of this mercury is of ant-
hropogenic origin, though one study claims to
observe surface enrichments consistent with
pollution inputs in a relatively near-shore
and heavily impacted region (Seigel et al.,
2001). Gobeil et al. (1999) found evidence for
diagenetic remobilization of mercury along
with Fe/Mn and Mercone et al. (1999)
have proposed coupled Hg/Se diagenesis and
mineral formation under the slow sediment
accumulation conditions present in the open
ocean. They argued that this remobilization
could result in surface enrichments not associ-
ated with anthropogenic inputs. We estimate
the total amount of mercury associated with
marine sediments to be 6� 107Mmol (B10 ng
Hg g�1 of sediments, 1% organic carbon
content and 12� 1015 t organic carbon total;
Lalli and Parsons, 1993). With inputs of
mercury to open-ocean sediments on the order
of 1Mmol yr�1 (Mason et al., 1994), the
sedimentary pool should be expected to repre-
sent the primary sink for mercury on million
year timescales.
9.04.7 MODELS OF THE GLOBAL
CYCLE

Secular change in the global mercury cycle as
a result of human activity is one of the major
themes in this chapter and a focus of research
currently. One of the most insightful research
activities in pursuit of this theme has been the
development of historical archives of mercury
change. As of early 2000, this development ef-
fort has focused on three archives: peat bogs,
lake sediments, and ice cores. All are used to
reconstruct historical changes in the flux of
mercury from the atmosphere.

Peat cores are generally collected from bogs
dominated by Sphagnum moss species and from
systems that are ombrotrophic (‘‘rain fed’’).
Under these conditions, it is assumed that the
moss is only able to receive mercury from the
atmosphere, as these systems are isolated from
groundwater and geologic inputs other than
dust. Mercury delivered to the moss is incorpo-
rated in the live material at the surface and re-
mains associated even as the moss continues to
grow vertically. Therefore, collection and sec-
tioning of a peat core, followed by dating and
mercury analysis, should reveal any changes in
the rate of incorporation of mercury into the
moss. As discussed by Benoit et al. (1998b), the
source of the mercury archived could include
mercury associated with rain and dust as well as
elemental mercury taken up from the gas phase
by the moss. A number of studies have made
successful use of the peat archive (e.g., Jensen
and Jensen, 1990; Norton et al., 1997; Benoit
et al., 1998b; Martínez-Cortizas et al., 1999).
There are, however, other reports of variable
element mobilities, including the dating isotope
210Pb (e.g., Damman, 1978; Urban et al., 1990;
Norton et al., 1997). In our recent work in
Nova Scotia, we found evidence for mobility of
lead but not mercury (Lamborg et al., 2002b).
We therefore submit that peat archives, or sec-
tions of archives, that are dated with 210Pb may
yield inaccurate estimates of mercury deposi-
tion, while other dating techniques may result in
reliable data. For example, in Nova Scotia, we
dated surface peat using a co-occurring moss
species Polytrichum that develops annual mar-
kings on the male gametophytes. The results of
that analysis when compared to lake sediments
and rain measurements indicated that dry dep-
osition of dust or uptake of elemental mercury
and/or RGM by the Sphagnum may contribute
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some of the mercury archived in peat, but that
the contribution was likely small.

Sediments collected from remote lakes have
been the most profitable of the archives studied
to date. In most cases, lake sediments are free
of diagenetic mobility that plagues the use of
peat, allowing reliable dating and more precise
reconstructions (see Chapter 9.03). The lake
approach does have drawbacks, however, as
suitable lakes (small watersheds, simple morph-
ology, little in-/outflow) are often difficult to
find in a location of interest. In the higher lat-
itudes of the NH, where extensive glaciation
was in effect, small seepage lakes tend to be
more common, and thus much of this recon-
struction work has been performed in Scan-
dinavia, Canada, and the northern US (e.g.
Swain et al., 1992; Lockhart et al., 1998; Bind-
ler et al., 2001; Fitzgerald et al., 2005). Suitable
lakes are being investigated currently in
additional locations such as in the tropics,
temperate, and subpolar Southern Hemisphere.
Extension of lake sediment studies to these new
regions should bolster the conclusions from the
northern studies. The general picture emerging
from the use of lake sediments (and peat) is one
of widespread, global-scale 2–4 times increase
in the amount of mercury delivered from the
atmosphere since the advent of the industrial
revolution. As noted in Section 9.04.3.4, many
of the lake systems studied thus far have had
slow sediment accumulation rates and water-
sheds that act as low-pass filters, rendering ac-
curate reconstructions of secular change in Hg
deposition in the last few decades very difficult.
However, the similarity in timing and scale
of the increased mercury deposition across
these varied systems leaves little doubt that
the signal is real and the result of the substan-
tial impact that human activity has had on the
global mercury cycle. Application of this infor-
mation to modeling efforts (see below)
represents an important step forward in
our understanding of how the mercury cycle
operates.

Ice core archives are receiving increasing at-
tention. In general, these archives are not as
useful as sediments due to the relatively low
rate of accumulation (usable ice cores are gene-
rally to be found in dry high latitudes and ac-
cumulate at slow rates). Furthermore, recent
work by Marc Amyot and colleagues (Lalonde
et al., 2002) has suggested that mercury depos-
ited in snow is photoactive and may be lost
from the media following reduction to elemen-
tal mercury. However, as described in Section
9.04.3, Schuster et al. (2002) analyzed ice core
samples from the relatively rapidly accumulat-
ing (B70 cmyr�1) Fremont Glacier (WY,
USA) to reconstruct deposition over the last
270 years. As indicated in Table 12, their results
are consistent with predictions made for the
inventory of anthropogenic mercury made here
based on the model of Mason et al. (1994).
Therefore, mountain glaciers may represent
an important archive for future development.
We noted that this glacial core also apparently
preserved signals associated with volcanic erup-
tions that have not been found in lake sediment
archives, but that these signals are difficult to
interpret, as they appear not to be self-consist-
ent. In a more conventional location for ice
core studies, Boutron et al. (1998) used snow
blocks to estimate changes in mercury deposi-
tion to Greenland over the last 40 years. Their
work illustrates other fundamental difficulties
associated with studying Hg in ice cores (small
sample sizes and exceptionally low levels,
o1 pg g�1). Stretching even further back, Van-
dal et al. (1993) used core material from Dome
C in Antarctica to reconstruct mercury accu-
mulation at that location to before the last gla-
cial maximum (B34 kyr BP). This unique study
found evidence that increased deposition of
mercury to Antarctica during that last glacial
maximum was attributable to increased evasion
from the ocean and suggests that mercury in ice
cores may be a useful paleoproductivity proxy.

Seabird feathers may provide a proxy for
oceanic mercury secular change (Monteiro and
Furness, 1997). This unique data set includes
feathers retrieved from museum specimens of
exclusively pelagic, piscivorous seabirds such as
shearwaters and petrels. While there is scatter
associated with the values, as should be ex-
pected from such a natural archive, an increase
of B3� between 1885 and 1994 can be seen in
the mercury concentration of the feathers. Fur-
ness, Monteiro, and coworkers have extended
their work to include studies on the movement
of mercury within living birds and the relation-
ship between prey concentrations of mercury
and those observed in the bird’s feathers (Mon-
teiro et al., 1998; Monteiro and Furness, 2001),
which aid in the interpretation of the feather
record. This approach has so far been applied
to the NE Atlantic (Azores), and should be ex-
tended to other ocean regions.

A number of mathematical models have been
developed to test the consistency of a variety of
environmental mercury data sets as well as aid in
generating testable hypotheses concerning those
aspects of the global mercury cycle that are
difficult to observe directly (Lantzy and Mac-
Kenzie, 1979; Millward, 1982; Mason et al.,
1994; Hudson et al., 1995; Shia et al., 1999;
Bergan et al., 1999; Bergan and Rodhe, 2001;
Lamborg et al., 2002b; Seigneur et al., 2003).
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The earliest efforts were limited by the general
lack of high-quality data available at the time.
Mason et al. (1994; MFM) therefore can be said
to be the first global mercury model capable of
providing meaningful insight into the whole cy-
cle. The findings of MFM, including their re-
construction of the cycle in its preindustrial and
modern forms, have been illustrated (Figure 2)
and discussed in Section 9.04.1. As demon-
strated, the atmospheric deposition predictions
from MFM can be compared with ant-
hropogenic mercury inventories in soils and se-
diments and appear to accurately predict the flux
of mercury from the atmosphere to these
archives. Additional insights from MFM include
an atmosphere/ocean system that is nearly bal-
anced, indicating the influential role of oceanic
evasion in redistributing and sustaining the life-
time of mercury at the Earth’s surface. Further-
more, MFM found that anthropogenic activities
should have tripled the current atmospheric dep-
osition of mercury, resulting in a tripling of the
amount of mercury entering terrestrial and ma-
rine ecosystems. As indicated by the lake sedi-
ment archives, this is what is found. Finally, the
MFM model estimated that only 50% of the
mercury emitted to the atmosphere as a result of
human activities is able to participate in the
global cycle, and that the remaining mercury is
removed from the atmosphere close to the
source. Thus, the MFM treatment describes
the current condition of the mercury cycle as one
significantly perturbed by human activity on
local, regional, and global scales.

As with any modeling effort, MFM was par-
tially supported by a number of assumptions
based on, in some cases, scant information.
Since MFM, several other modeling efforts
have sought to address particular hypotheses
concerning some of these assumptions. For
example, Hudson et al. (1995) included addi-
tional reservoirs to their simulated ocean than
were used in MFM in an effort to gauge the
importance of ocean mixing in modulating
mercury increases in the environment. They
also introduced a more complex emissions
source function indexed to CO2 that released
less mercury overall than in MFM, and did so
in a nonlinear fashion. The conclusions from
this work were quite similar to MFM but did
indicate that ocean mixing should be con-
sidered an important process in the global-scale
biogeochemistry of mercury. Perhaps most im-
portantly, ocean mixing increases the size of
the oceanic pool and as a result increases the
predicted residence time of mercury in the
ocean. An increased oceanic residence time
could result in an increased overall rate of
mercury methylation, particularly as much of
this time would be spent in the lower oxygen/
microbially active region of the permanent oce-
anic thermocline. Additional consideration of
the oceanic biogeochemistry of mercury by
Mason and Fitzgerald (1996) supports this
model view, particularly as an explanation for
local imbalances in the air–sea exchange of
mercury in certain regions such as the equato-
rial Pacific. Hudson et al. (1995) were also the
first authors to directly compare their results
with those provided by the lake sediments and
noted, among other findings, that emissions
from gold and silver mining prior to 1900
predicted to be significant were not to be found
in the archives.

Three other recent global models (Shia et al.,
1999; Bergan et al., 1999; Bergan and Rodhe,
2001) focused on the atmospheric aspects of the
global cycle and have been able to place impor-
tant constraints on which of the several chemical
mechanisms proposed for elemental mercury
oxidation are likely to be important at this scale.
Particularly noteworthy are the efforts by
Bergan and colleagues, who have exploited the
data on interhemispheric concentrations of ele-
mental mercury in the air. Exchange between
the two hemispheres is relatively slow
(B1.3 years) due to physical forcings, but yet
the north/south gradient of elemental mercury is
relatively weak (Slemr and Langer, 1992;
Fitzgerald, 1995; Lamborg et al., 1999). As the
emissions of mercury in the NH are estimated to
be larger than in the south, Bergan and col-
leagues used gradient and mixing time informa-
tion to place constraints on the atmospheric
lifetime of mercury. More recently, we have ex-
tended this approach through inverse box mod-
eling (Lamborg et al., 2002b), which used the
gradient and lake sediment data explicitly to
constrain both the atmospheric lifetime as well
as aspects of the oceanic cycle including evasion,
particle scavenging, and burial. This particular
model (the global/regional interhemispheric
mercury model, or GRIMM) suggests that
evasion from the ocean is less than that esti-
mated in MFM and that the ocean is a net sink.

Our inverse, or data assimilation, model un-
derscores the importance of developing new
data sets to improve our understanding of mer-
cury biogeochemistry. As mentioned here,
models such as Hudson et al., Bergan et al.,
and Lamborg et al. are principally driven by
atmospheric and atmospherically related data.
As these efforts are using essentially the same
data, it is not surprising that the conclusions
from these efforts are fairly similar. A more
rigorous test of the current view of the global
mercury cycle will require wholly new infor-
mation, particularly from the ocean.



34 Geochemistry of Mercury in the Environment
9.04.8 DEVELOPMENTS IN STUDYING
MERCURY IN THE
ENVIRONMENT ON A VARIETY
OF SCALES

9.04.8.1 Acid Rain and Mercury Synergy in
Lakes

As noted, sulfate reduction is thought to be
the driving biogeochemical process behind mer-
cury methylation in many ecosystems. In fresh-
waters that are relatively low in sulfate, recent
increases in sulfate deposition associated with
the acid rain phenomenon are hypothesized to
result in increased rates of sulfate reduction and
subsequently in mercury methylation (e.g.,
Gilmour and Henry, 1991; see Chapter 9.10,
for details on acid rain geochemistry). Thus, not
only are lakes receiving more total mercury than
in the preindustrial past, they may be methy-
lating a greater proportion of this load. Swain
and Helwig (1989), for example, have noted that
the concentration of mercury in Minnesota
fish (usually dominated by MMHg), has in-
creased by 10� 2, while deposition of mercury
has increased by only 3� 3. Recent work by
Branfireun et al. (1999, 2001) has recreated
this phenomenon through sulfate additions to
microcosms in the Experimental Lakes Area of
Ontario, and there are ongoing efforts to expa-
nd this research to watershed/whole-lake scales
(D. R. Engstrom, personal communication).
9.04.8.2 METAALICUS

METAALICUS is a project titled Mercury
Experiment to Assess Atmospheric Loading in
Canada and the United States. As described in
this chapter, the atmosphere is the principal
avenue for the mobilization of mercury in the
environment, and anthropogenic mercury emis-
sions to the atmosphere, especially from coal
combustion, have contaminated all the major
reservoirs. We noted the strong interest and
support for studies examining linkages between
the cycling of mercury in the atmosphere, ant-
hropogenic emissions, deposition to terrestrial
systems, and the bioaccumulation of MMHg in
freshwaters. We have suggested that there
has been much emphasis on freshwater fish
contamination at the expense of marine studies,
given that the major exposure of humans to
MMHg is through the consumption of marine
fish and seafood products. Given our concerns
as a caveat, we note that many scientists and
‘‘stakeholders’’ think that an unequivocal con-
nection between direct atmospheric mercury
deposition and the levels of MMHg in fish in
freshwater or marine systems has not been
established. In other words, if mercury
deposition is reduced, through, for example,
controls on mercury emissions from coal-burn-
ing power plants, would MMHg concentrations
in fish decline? The METAALICUS team of
scientists from the United States and Canada is
now attempting empirically to address questions
of linkages between mercury deposition and the
bioaccumulation of MMHg in fish. They are
conducting a whole ecosystem experiment in
which stable isotopes of mercury are added to a
lake, its upland watershed and adjoining wet-
land, and mercury in fish as well as the food
chain are examined. The project, which began in
1999 and is funded through 2004, is being con-
ducted in the Experimental Lakes region.

The objectives of METAALICUS are as
follows (taken from the METAALICUS
2006, web page):

1. to determine the relationship between the
rate of atmospheric loading of mercury to
lakes and the rate of mercury accumulation
in fish;

2. to determine the response time of mercury
levels in fish to changes in atmospheric
loading of mercury;

3. to determine the relative importance of dif-
ferent sources of mercury to fish (the upland
watersheds, adjacent wetlands, and the lake
surface) by the addition of three different
stable isotopes of mercury; and

4. to calibrate and parametrize a mechanistic
model that will be used to predict reductions
in fish mercury concentrations following
controls on mercury emissions.

The use of stable isotopes of mercury to
track pathways of inputs and uptake is
innovative. The additions will be increased
over time to levels comparable with the current
mercury deposition in the northeastern United
States. The work is ongoing and, to date, a few
papers have been published (Hintelmann et al.,
2002; Babiarz et al., 2003; Kelly et al., 2003;
Lalonde et al., 2003; Amyot et al., 2004;
St. Louis et al., 2004; Branfireun et al., 2005).
We wish to re-emphasize that in productive
near-shore regions of marine ecosystems, the
legacy of pollution-derived mercury in the
surficial sediments is likely to predominate
over ‘‘new mercury’’ as a substrate for methyl-
ation. The intense bioturbation in coastal ma-
rine sediments can keep much historical
mercury active, relative to the more quiescent
sediments of lakes. Unfortunately, the mecha-
nistic predictions for declines in fish mercury
levels following controls on mercury emissions,
derived from the anticipated successful MET-
AALICUS program, will not be applicable to
the marine environment.
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The detailed mechanistic studies represented
in METAALICUS, designed to illustrate the
connections between atmospheric deposition
and Hg accumulation in fish, have recently
been supported in a broad-scale way (Ham-
merschmidt and Fitzgerald, 2005). This study
noted a highly significant correlation between
the Hg content of mosquitoes (which are
aquatic predators during their larval life stages)
and local atmospheric Hg deposition.
9.04.8.3 Ambient Isotopic Studies of
Mercury—Biological Fractionation of
Mercury Isotopes

With improvements in inductively coupled
plasma mass spectrometry (ICP-MS) detectors,
there is great interest in the possibility that
there may be biologically induced fractionation
of the stable isotopes of mercury. As noted,
there have only recently been meaningful meas-
urements of the isotopic composition of mer-
cury in media other than rocks and meteorites.
This is largely due to the difficulty in measuring
isotopic ratios with suitable accuracy for such a
heavy element. However, the range of isotopic
masses presented by the mercury system (196–
204) at the extreme offers a 4% difference in
mass which approaches that of elements whose
isotopic composition are routinely used to
study cycling in the environment (e.g.,
14N–15N: 7%). It is theoretically possible that
biological and physical processes could frac-
tionate mercury by mass.

If fractionation of mercury isotopes does oc-
cur, then their possible uses are obviously ex-
traordinary. Isotopic variations would provide
biogeochemical tracers for the mercury cycle.
For example, the mercury incorporated into
MMHg should be isotopically lighter than the
bulk mercury of sediment pore waters. Water-
sheds/rivers may have a unique isotopic pattern,
while wastewater effluents another. Coals from
different regions may show variations that
would characterize the mercury emissions, as
has been documented for lead. Perhaps, pre-
industrial atmospheric deposition will show a
mercury isotopic signature distinct from the
modern distribution. The possibilities are many,
but evidence for biologically induced fraction-
ation is lacking. Interest was spurred by a recent
controversial report (Jackson, 2001a, b; Hintel-
mann et al., 2001) indicating substantial frac-
tionation of mercury isotopes in a lacustrine
food chain. There is ongoing research in several
laboratories (e.g., Amouroux et al., 2003; Krupp
et al., 2003), and two recent reports suggest that
isotopic signatures are to be found in particular
sulfide deposits that are likely geogenic in origin
(Hintelmann and Lu, 2003; Smith et al., 2005).
There is, as of this writing, no published report
of convincing evidence for biological fraction-
ation of Hg isotopes, but the search continues.
9.04.8.4 Tracing Atmospheric Mercury with
210Pb and Br

As noted in Section 9.04.4, an ongoing effort
among researchers studying the atmospheric
chemistry of mercury is the determination of
which reaction mechanisms are most influential
in the field. Tracers are exceptionally powerful
tools in this regard, as they greatly simplify the
process of scaling up individual measurements
to a wide range of scales. They are often
integrative as well, so that discrete measure-
ments of mercury and tracers in a particular
medium at a particular time can be easily
generalized to a whole year or area. Two trac-
ers have recently shown some promise in
understanding the large-scale behavior of mer-
cury in the atmosphere and in complementary
ways: 210Pb and Br.

Lamborg et al. (1999, 2000) have demon-
strated a strong correlation between Hg and
210Pb in precipitation from samples collected
in remote continental (Wisconsin) and mid-
ocean (tropical South Atlantic) locations. The
relationship from these collections was very
similar and indicates that 210Pb may be a useful
tracer of mercury in precipitation. The geo-
chemistry of 210Pb is well described and this
tracer has been useful for atmospheric studies
of numerous kinds. The correlation between
these two species implicates, by analogy, a
homogeneous gas-phase oxidation of mercury
that is first order as 210Pb is generated from the
homogeneous-phase first-order radioactive de-
cay of 222Rn. As the flux of 222Rn to the at-
mosphere is known and constant, the current
flux of mercury to and from the atmosphere
can be estimated from Hg/210Pb ratios, and the
universality of the ratio used to examine regio-
nality of mercury deposition.

Two recent findings suggest that bromine
may also be an important tracer and clue in the
atmospheric chemistry of mercury. Lindberg
et al. (2002) have noted that the advent of
mercury depletion events in the Arctic is coin-
cident with the buildup of reactive bromine
compounds (such as BrO) in the polar atmos-
phere. Halogen compounds are potent oxidize-
rs of mercury, stabilizing the Hg(ii) created by
forming halogen complexes. For example, BrCl
is routinely used to oxidize solutions for mer-
cury analysis in the laboratory. It has also been
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noted that such reactive compounds can be
created in situ from sea salt in aerosols in the
marine boundary layer (e.g., Disselkamp et al.,
1999), supporting the hypothesis contained
in Mason et al. (2001) of a rapid oxidation
of elemental mercury over the ocean. Roos-
Barraclough et al. (2002) recently presented
findings from long peat cores that showed a
strong correlation between higher deposition of
mercury coincident with higher deposition of
bromine over relatively long timescales (centu-
ries). The cause of this correlation is still un-
known and may have as much to do with
sources of mercury to the atmosphere as well as
the atmospheric chemistry of mercury.
9.04.8.5 Mercury and Organic Matter
Interactions

Mercury, the quintessential soft metal, forms
exceptionally strong associations with natural
organic matter (e.g., Mantoura et al., 1978).
This behavior has been recognized as influen-
tial in a number of aspects of mercury biogeo-
chemistry. For example, lakes have often been
shown to have higher mercury in higher DOC
waters (e.g., Vaidya et al., 2000). This indicates
that watersheds (the principal supply of the
DOC in lakes) can contribute significant
amounts of mercury as well, and that the
DOC mobilization from uplands mobilizes
mercury and MMHg. In addition, higher con-
centrations of DOC provide enhanced com-
plexation capacity for mercury in the water
column of lakes, enhancing mercury solubility
and increasing mercury residence within the
lake (e.g., Ravichandran et al., 1999). There are
also competing effects of DOC on the reduc-
tion of mercury within natural waters. Re-
cently, Amyot et al. (1997), Rolfhus (1998), and
Costa and Liss (1999) have indicated that DOC
may act to both enhance and inhibit mercury
reduction (and therefore mercury evasion) in
both fresh- and saltwater depending on the
concentration of organic carbon in the water.
The mechanisms for these intricate redox pro-
cesses are not well known, but DOC is clearly
an important master variable.

The magnitude of mercury–organic inter-
actions (strength of the complexes and the
abundance of the complexing agents) has been
studied through partitioning experiments of
various kinds. Mantoura et al. (1978), a fre-
quently cited report, made use of a form of size-
exclusion chromatography to separate free
mercury from organically complexed mercury.
Other important work includes that of
Hintelmann et al. (1997), who employed dial-
ysis membranes to estimate MMHg partition-
ing between organic and inorganic complexes,
and the recent work of Benoit et al. (2001c),
who used calibrated octanol–water partitioning
behavior of mercury species to study mercury-
binding ligands in sediment pore waters from
the Everglades. For other trace metals, elect-
rochemical techniques have often been used,
and one such study has been published for
mercury (Wu et al., 1997). Watson et al. (1999)
have suggested recently that the gold-stripping
electrodes used for this determination do not
quantitatively release mercury, making this ap-
proach somewhat suspect. Lamborg et al.
(2003), who developed a wet chemical analog
to the electrochemical approach, found affinity
results similar to those of Benoit et al. and the
high end of Mantoura et al. from bulk water
samples (most of the other studies have been
performed on isolated DOC fractions). The
general assumption has been that it is the re-
duced sulfur moieties (thiols) in the macromol-
ecules of natural water DOC that are the sites
for binding, and recent spectroscopic evidence
supports this (Xia et al., 1999; Hesterberg et al.,
2001). However, Lamborg et al. (2003) have
found ligand concentrations, when normalized
to DOC, which suggest mercury-binding func-
tional group abundances on the order of parts
per million. This is well below the abundance of
reduced sulfur, which is generally found to be
in the parts per thousand range. It therefore
appears that the locations for mercury binding
are rare in the DOC pool but still present in
10–1,000� excess of mercury.

In saltwater, organic matter complexation of
mercury may not compete with the more abun-
dant chloride ion (see Section 9.04.5). In estu-
aries, ligand exchange was observed by Rolfhus
and Fitzgerald (2001) and by Tseng et al.
(2001). One result of the exchange of mercury
from organic to inorganic complex forms is a
general increase in the reactivity of mercury
within estuaries. The change in complexation
can result in dramatic changes in the reactivity
of the mercury as a result (e.g., enhanced
Hg0 production, Rolfhus and Fitzgerald, 2001).
9.04.8.6 Bioreporters—A New Technique for
Ultra-Trace Determinations of
Mercury

Modern biotechnology offers the potential
for the development of highly sensitive reagents
and methods to determine mercury species such
as bioreactive or bioavailable mercury and
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MMHg. In one of the earliest studies on the
subject, Barkay and colleagues (Selifonova
et al., 1993) suggested that mercury-specific
luminescent reagents could be bioengineered
(i.e., biologically synthesized and amplified
with molecular techniques), for use in environ-
mental studies. They reported the successful
development of three ‘‘biosensors’’ for Hg(ii).
These were created by combining or fusing the
‘‘the well-understood Tn21 mercury resistance
operon (mer) with promoterless luxCDABE
from the marine bacterium, Vibrio fischer.’’
Light production via luxCDABE is controlled
by the mer regulatory gene and promoter,
which is in turn activated by reactive mercury
species. These combined reagents are com-
monly referred to as ‘‘bioreporters,’’ where
the light can be detected photonically and
quantified. Aspects of the techniques are pat-
ented (e.g., Rosson, 1996, patent states ‘‘the lux
operon complex comprises luxC, luxD, luxA,
luxB, and luxE genes but is free of (1) a pro-
moter for the complex and (2) an inducible
regulatory gene for the complex’’). The
Sanseverino et al. (2002) US patent applica-
tion indicates that ‘‘an exemplary bioreporter is
an E. coli that has been modified to respond to
Hg(ii) as a result of incorporation of a merRop/
Iux gene cassette into its genome.’’

The first applications were encouraging.
However, the mercury ‘‘bioreporters’’ were
semiquantitative and not sensitive at environ-
mentally useful levels (i.e., picomolar to femto-
molar). Progress in lowering detection limits
has been swift. For example, in 1993, Selif-
onova and coworkers could work in the 1 nM
range, and Tescione and Belfort (1993) at
10 nM. Virta et al. (1995) reported a labora-
tory detection limit of 0.1 fM for mercury using
‘‘firefly luciferase gene as a reporter, the mer
promoter from transposon Tn21, and Es-
cherichia coli (E. coli) MC1061 as the host
organism.’’ Today, the methods, in general, are
quite advanced and the sensitivity appears suit-
able for studies even in pristine ecosystems such
as the open ocean and remote lakes (see recent
reports by Kelly et al., 2001; Scott et al., 2001;
Barrocas et al., 2001).

Quantification, the operational nature of
‘‘bioavailability’’ and the need to add a suspen-
sion of nonstandardized genetically engineered
bacteria as an integral part of the analysis are
limitations to broad application of the ‘‘bio-
reporter’’ techniques to environmental studies
of mercury in aqueous systems. However,
variations on this bacterial recombinant DNA
technological approach are promising. That is,
mercury-activated organic molecules can be
bioengineered, isolated, and purified to provide
reagents for mercury investigations. Wylie et al.
(1991, 1992) produced monoclonal antibodies
specific for ionic mercury and applied the
immunoassay to water. Their experiments were
conducted in the nanomolar range, concentra-
tions too high for investigating mercury in most
natural aquatic environments. However, it is
likely that the detection limits can be lowered
significantly, and the mercury-specific antibody
reagent technique optimized for natural waters.
9.04.9 SUMMARY

In this chapter, we have summarized some of
the gains made in understanding the environ-
mental biogeochemistry of mercury since Gol-
dschmidt’s groundbreaking work. Much of this
advancement has come since the early 1970s,
and the growth in mercury research continues
at breakneck pace. This is fortunate as there is
a need for urgency, we believe, in these end-
eavors. While human activity has perturbed the
mercury cycle by a smaller degree than, for ex-
ample, lead, the implications for continued
perturbation on human and ecological health
are enormous.

The way forward will be a fascinating and
challenging one. As we have summarized, this
is because the biogeochemistry of mercury op-
erates at a variety of time- and space scales and
in many environmental media. Owing to the
complexity of the processes and the minute
quantities of material often encountered in the
environment, future research will also require
new hypotheses and new instrumentation. Sim-
ilarly, and as with so many environmental
research efforts, new collaborations among
scientific disciplines will be required.
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